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Incêndios florestais, extratos aquosos de cinzas, metais e hidrocarbonetos 
aromáticos policíclicos, ecossistema aquático, efeitos ecotoxicológicos, 




Todos os anos, vastas áreas da região Mediterrânea são devastadas por 
incêndios florestais. Estes podem causar sérios impactos nos ecossistemas, 
existindo um interesse crescente sobre os seus efeitos na qualidade da água e 
no biota aquático. A partir de extratos aquosos de cinzas, que se assumiu 
simularem escorrências de uma área ardida, determinaram-se analiticamente 
vários metais e dezasseis hidrocarbonetos aromáticos policíclicos (HAPs). 
Paralelamente, foi realizada uma avaliação ecotoxicológica desses extratos 
aquosos de cinzas com quatro espécies standard, representando diferentes 
grupos funcionais e níveis tróficos. Os extratos aquosos de cinzas induziram 
uma redução no crescimento dos produtores primários Pseudokirchneriella 
subcapitata e Lemna minor, e inibiram a luminescência da bactéria Vibrio 
fischeri, enquanto não se verificou uma imobilização significativa em ensaios 
com o cladócero zooplanctónico Daphnia magna. Estes resultados são 
concordantes com a inconsistência que se verifica existir na literatura 
relativamente aos efeitos deletérios dos incêndios no ecossistema aquático. 
Esta avaliação ecotoxicológica permitiu construir uma base de análise 
comparativa com vista a responder à questão essencial que motivou este 
estudo: a presença do bivalve invasor Corbicula fluminea nos sistemas 
afetados poderá apoiar a mitigação dos potenciais efeitos dos incêndios 
florestais nas comunidades aquáticas? Neste contexto, o potencial biofiltrador 
desta espécie foi testado ao longo de sete dias, utilizando como modelo 
experimental os extratos aquosos de cinzas simulando escorrências de 
incêndios. Ao longo da experiência verificou-se a diminuição de metais 
(redução acima dos 70% para o Mn e Zn) e PAHs (redução de 50% nos 
valores de naftaleno na água e a bioconcentração de alguns elementos nos 
tecidos moles (especialmente Cu e Zn) e conchas das amêijoas 
(especialmente Mn). Paralelamente foi efetuada a avaliação ecotoxicológica 
dos extratos aquosos após a biofiltração, utilizando a mesma bateria de 
organismos acima descrita, e de um modo geral, observou-se uma diminuição 
da toxicidade dos extratos. Aquando da exposição aos extractos aquosos 
filtrados observou-se uma menor inibição do crescimento dos produtores 
primários (estatisticamente significativa na taxa de crescimento e no 
incremento total da biomassa de L. minor) bem como uma menor inibição da 
luminescência of V. fischeri (ou mesmo estimulação da luminescência em 
várias das concentrações testadas) e não se registaram efeitos tóxicos em D. 
magna. Estes resultados sugerem que os efeitos ecológicos nefastos da 
presença da espécie invasora C. fluminea podem, em cenários particulares, 
ser compensados em alguma medida por serviços adicionais que a espécie 
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Every year, large areas of the Mediterranean region are devastated by 
wildfires. Wildfires can cause serious impacts on terrestrial ecosystems but 
there is also a growing concern about their effects on surface water quality and 
on the aquatic biota. Aqueous extracts of ashes (AEA) were used in this study 
as an alternative for the runoff from a burnt area. Various metals and sixteen 
polycyclic aromatic hydrocarbons (PAHs) were analytically determined in the 
extracts. Their ecotoxicological assessment followed with four standard species 
representing different functional groups and trophic levels. The aqueous 
extracts of ashes induced a reduction in the growth of the primary producers 
Pseudokirchneriella subcapitata and Lemna minor, and inhibited the 
luminescence of the bacteria Vibrio fischeri but did not produce a significant 
immobilization in the cladoceran zooplankter Daphnia magna. These results 
reflected the inconsistency found in the literature on the deleterious effects of 
wildfires on aquatic ecosystems. This assessment comprised the first step of 
this study, which had, as overarching research question, whether the invasive 
bivalve Corbicula fluminea could mitigate the potential effects of wildfires on 
aquatic species. The biofiltration potential of this species was tested by 
exposing it to aqueous extract of ashes during a 7-day period, and by using the 
filtered solution in a second battery of ecotoxicological tests. Throughout the 
experiment there was a reduction of the concentration of the metals (more than 
70% for Mn and Zn) and PAHs (a loss of 50% in naphthalene in the aqueous 
extract and, at the same time, an increase in the concentration of some 
contaminants in the clam’s soft tissue (especially Cu and Zn) and shells 
(especially Mn). Generally, lower toxicity was observed after than before 
filtration by C. fluminea. When exposed to biofiltered AEA, a smaller inhibition 
on the growth of the primary producers was observed (statistical significant in 
both growth rate and yield of L. minor) as well as a much lower luminescence 
inhibition of V. fischeri (or even luminescence stimulation of several tested 
concentrations) and non toxic effects were reported in D. magna. Thus, the 
negative ecological effects resulting from the presence of the invasive species 
C. fluminea can eventually be somewhat compensated by additional services 









































Wildfire effects on aquatic ecosystems 
Fire is a powerful-acting modifier of the environment that on large scales is assumed 
as a destructive force, causing prompt and dramatic impacts in the structure and 
functioning of ecosystems, such as changes in species composition and successional 
rates, nutrient losses via volatilization, accelerated erosion, leaching or denitrification 
(Lavorel et al. 2007, Neary et al. 1999, Raison 1979). Nevertheless, in controlled 
conditions, fires of low severity have been applied as a management tool (e.g., to combat 
undesirable vegetation) in many ecosystems (Dwire and Kauffman 2003, Jung et al. 2009, 
Munro et al. 2009, Olivella et al. 2006,  Pereira et al. 2011, Úbeda et al. 2009). In fact, it 
can promote herbaceous flora and increase availability of nutrients for plants (Neary et al. 
1999) or generate complex and productive habitats by altering biotic/abiotic characteristics 
of watersheds (Bisson et al. 2003, Moody and Martin 2001).  
Forest fires are frequent in Mediterranean ecosystems (Granged et al. 2011) 
causing serious environmental and economical impacts (Lavorel et al. 1998). Olivella et 
al. (2006) estimated an average burnt area of 600 000 – 800 000 ha year-1 which 
compromises, among others, the local biodiversity (Granged et al. 2011). Portugal alone 
contributes for, in average, a burnt area of 140 808 ha year-1 in the last decade (AFN 
2011). This disturbance is more frequent in summer, at higher temperature, lower air 
humidity and lower fuel moisture (Millan et al. 1998, Pausas 2004, Pereira et al. 2005, 
Pereira et al. 2011, Pinol et al. 1998). Furthermore, both the number of fires and the 
area burned tend to increase with climatic changes (Pinol et al. 1998). To make it even 
worse, there are anthropogenic causes contributing to this trend including changes in land 
use, criminal behavior and negligence (Pereira et al. 2005). 
In order to fully realize the extension of such perturbation one has to analyze 
different environmental compartments that can be affected by fires. At the soil 
compartment, the effects of a wildfire can be distinguished into two groups: (i) as a direct 
effect of high temperatures, there is an increased mineralization of organic matter (with 
consequent reduction in structural complexity and increase in pH through the release of 
soluble cations); (ii) as an indirect effect resulting from the loss of vegetation and litter, a 
higher vulnerability to erosive processes plus considerable changes in the hydrological 
regime establishes (Alegre et al. 2010, Raison 1979). The severity of effects of heat and 
ash inputs in the soil depends, among others, on the fire regime, vegetation, soil 
characteristics (e.g., type, thermal conductivity) and quantity and quality of organic matter 






effects of fire in soil have implications on the hydrological cycle, due e.g. to changes in 
porosity,   infiltration and storage capacity, hydraulic conductivity and retention of water 
(Neary et al. 1999).  Furthermore, after fire, higher water repellence by the soil through the 
formation of a hydrophobic layer that results in higher runoffs is commonly observed 
(DeBano 2000, Jung et al. 2009). This leads to huge losses of nutrients, reaching in 
Portugal every year and on average 268 tonnes of nitrates, 696 of calcium, 931 of 
magnesium and 332 of potassium (Alegre et al. 2010). These losses, combined with the 
nutrients transport into neighboring waterways, have a colossal impact in the water 
quality1. It is consensual that fires result in leaching of considerable amounts of nutrients 
that enrich surface water bodies standing in the surroundings of the burnt areas (Jung et 
al. 2009). Furthermore, processes such as the leaching of ash deposited, diffusion of 
smoke gases, dissolution of ammonium volatilized or nitrification of ammonium into water 
can also contribute to enhance the levels of phosphorus, nitrogen, ammonium and nitrate, 
respectively (Certini 2005, Ranalli 2004, Spencer and Hauer 1991, Spencer et al. 2003). 
These input of nutrients combined with the higher light penetration (due the loss of 
vegetation) can promote aquatic primary production which ultimately can result in 
eutrophication of water bodies (Spencer et al. 2003). 
Wildfires pose other environmental concerns once they contribute to greenhouse 
gas and aerosol emissions (Lavorel et al. 2007), as well as to the pool of contaminants 
affecting the ecosystems, with particular emphasis given to metals and PAHs (Smith et al. 
2011).  
Metals occur naturally in aquatic system as result of the slow-rate leaching from 
soil/rock to water or via atmosphere sources (Adriano 2001; Paliulis 2005, Zhou et al. 
2008). Wildfires constitute an additional diffuse source of metals to aquatic systems, 
following increased erosion rates and runoff/overland flow that promote the input of ash 
and soil in waters (Smith et al. 2011). The soil organic matter mineralization releases 
metals  and ashes produced during combustion (mainly composed of oxides and 
hydroxides of base cations such as Ca2+ and Mg2+)  affect the soil pH, leading to metal 
changes into an ionic form and increased potential transport into aquatic systems 
(Ignatavièius et al. 2006, Pereira and Úbeda 2010, Pitman 2006). The extension of these 
metal inputs depends on temperature reached during fire, soil type and species 
composition (Pereira and Úbeda 2010). 
                                                         
1
 Water quality refers to the physical, chemical, biological and organoleptic properties of water. 






Although some metals are essential in small concentrations for normal healthy 
growth of organisms, at excessive concentrations all metals cause toxic effects like 
enzyme inhibition, the replacement of essential metals as cofactors and alterations in 
membrane integrity (Alloway 1995, Gifford et al. 2004). Moreover, such compounds 
cannot be degraded, being persistent pollutants that biomagnify across the food chain 
(Gupta and Singh 2011). In fact, the contaminant concentration in an aquatic organism 
may exceed contaminant level on water – bioconcentration - as a result of chemical 
uptake through the respiratory surface and/or the skin. The increase of contaminants in 
organisms may also occur via organism's diet, through the food chain – biomagnification. 
The combination of chemical bioconcentration and biomagnification is known as 
bioaccumulation (Gobas and Morrison 2000). The bioaccumulation of metals may 
ultimately represent risk to human health, particularly when it occurs in species of 
commercial value (Boening 1999). Given the risk they represent for organisms, thirteen 
metals (Ag, As, Be, Cd, Cr, Cu, Hg, Ni, Pb, Sb, Se, Tl and Zn) are included on the US 
Environmental Protection Agency (EPA) list of priority pollutants (Keith and Telliard 1979). 
At European Union level, some of them (Cd, Hg, Ni and Pb) are included on the Priority 
Substances Directive (Directive 2008/105/EC 2008).  
Apart from human activities that include the industrial production sector (namely the 
combustion of fossil fuels for heat and power generation and waste incineration), wildfires 
are recognized as a major diffuse source of polycyclic aromatic compounds (PAHs) (Kim 
et al. 2003, Manoli and Samara 1999, Vila-Escalé et al. 2007). PAHs are a class of 
hazardous organic chemicals consisting of a variable number of fused benzene rings in 
linear/angular/cluster arrangements (Cerniglia 1992). These are ubiquitous environmental 
contaminants produced via natural or anthropogenic (predominant) incomplete 
combustion processes (Kim et al. 2003, Olivella et al. 2006, Woodhead et al. 1999). PAHs 
reach the aquatic environment mainly via atmospheric fallout, municipal/industrial 
effluents, urban runoff, spillage or disposal of oil /petroleum products (Manoli and Samara 
1999, Woodhead et al. 1999). 
PAHs are widely studied by their toxic, mutagenic, carcinogenic and teratogenic 
properties (Baumard et al. 1998, Manoli and Samara 1999, Ravindra et al. 2008). 
Additionally, such hydrophobic compounds rapidly adsorb onto or associated with 
particles, and show a high environmental persistence and bioaccumulation potential 
(Baumard et al. 1998, Cerniglia 1992). For these reasons, sixteen PAHs were 
incorporated the US EPA list of priority pollutants (ATSDR 1995). They are: 






(BaA), Benzo(a)pyrene (BaP), Benzo(b)fluoranthene (BbF), Benzo(k)fluoranthene (BkF), 
Benzo(g,h,i)perylene (BGP), Chrysene (CHR), Dibenz(a,h)anthracene (DBA), 
Fluoranthene (FLT),  Fluorene (FLU), Indeno(1,2,3-cd)pyrene (IND), Naphthalene (NAP), 
Phenanthrene (PHE) and Pyrene (PYR). ANT, BaP, BbF, BkF, BGP, FLT, IND and NAP 
also incorporated the Priority Substances Directive (Directive 2008/105/EC 2008). 
Deleterious effects by wildfires in the terrestrial and the aquatic biota are also often 
mentioned in parallel to the structural/chemical effects noticed in different environmental 
compartments of the affected ecosystems (see above). The most obvious effects of fire 
can be observed in vegetation. Fires of high intensity can change or eliminate a whole 
plant community (Alegre et al. 2010) and the impacts can result from direct action of heat, 
by removal of the litter and standing crops and by the alteration on availability of nutrients 
(Raison 1979). To resist the combustion conditions, plants exhibit several adaptive 
characteristics (e.g., thick barks that insulate cambial tissues from high temperatures; 
resistant seed coats that require fire to germinate), crucial in the survival and 
recolonization process (Alegre et al. 2010, Dwire and Kauffman 2003, Úbeda et al. 2009). 
After fire, an increase in plant productivity is commonly observed, as promoted by higher 
soil temperatures, soil pH, nutrients availability and microbial activity (Pereira et al. 2011, 
Raison 1979). Changes in vegetation cover affect land use (Lavorel et al. 2007) as well as 
the hydrological cycle through reduced water uptake and evapotranspiration by plants 
(Burke et al. 2005, Moody and Martin 2001). 
In brief, the effects of fire on soil fauna can be immediate as the result of combustion 
itself, which can lead to escape, injury or death of organisms. The medium/long 
term effects include changes in habitat and alterations in quantity and quality of food 
resources available. The severity of such effects is positively influenced by the 
following factors: frequency, intensity, dimension of area burnt and velocity of propagation 
of fire (Alegre et al. 2010). The biology of the species present and the season when the 
fire occurs also play an important role in the severity of the impacts, e.g., specialist 
species are more intensely affected and spring fires tend to be more severe  due the 
presence of nests, eggs and offspring (Alegre et al. 2010, Mihuc and Minshall 1995).  
Prieto-Fernandez et al. (1998) and Certini (2005) refer to an immediate reduction in 
soil microbial biomass following wildfires and changes in composition of microbial 
community, dependent on differential taxa sensitiveness to fire, with higher reductions in 
fungi than in bacteria. Indeed, according to Johnson (1992), wildfires estimulate the 
presence of N-fixing bacteria, which may contribute to explain this noticed trend. The 






Raison (1979) argues that soil microbial  activities  are changed by  alteration of  pH,  add 
of  organic microbial  substrates,  or  by improved  availability of inorganic  nutrients, all 
provided by the deposition of ashes following wildfires.  
In general, terrestrial invertebrates are very resilient to fire and many organisms can 
survive in situ (Munro et al. 2009). Indeed, Orgeas and Andersen (2001) found short-term 
positive effects of fire on beetles probably due to the reduction of predation pressure or 
because fire might enhance habitat structure or food quality. Still, Certini (2005) observed 
a decrease in soil invertebrate’s biomass, in spite of their mobility, and changes in taxa 
composition. Antunes et al. (2009) studied the edaphic macro-arthropod community after 
a forest fire, reporting differences in dominant taxa between the sampling periods: three 
(autumn) and eight months (spring) after the fire. The authors suggest that the dominant 
fauna in autumn (ants, scavengers and carrion feeders) may have been favored by the 
increase of food resources or by the simplification of the habitat following the fire. In 
spring, the community already showed signs of recovering and the adjacent unburned 
area should have act as a source of colonizing organisms. Notwithstanding, in both 
sampling seasons the microbial activity was compromised (as accessed by cellulase 
activity) in burnt areas. Andersen et al. (2005), in a five-year experimental period, 
indicated no effects of fire on the abundance of several invertebrate groups. 
Regarding the aquatic biota, Charette and Prepas (2003) found higher 
cianobacterial biomass after a fire in Canadian lakes, and Planas et al. (2000) reported an 
increase in diatoms biomass with shifts on community composition. Thus, and as 
mentioned above, the input of nutrients stimulates producer’s growth but in excessive 
situations can result in eutrophication (DeBano 2000, Ranalli 2004). In a streams 
monitoring program run in the U.S.A., the periphyton biomass was not found influenced by 
fire although alterations in the diatom assemblage were registered (Earl and Blinn 2003).  
Minshall et al. (1995) recorded a post-fire reduction to almost half of the periphyton 
biomass but, even with a lower Simpson index, the post fire taxa richness was higher.  
The results of the studies on the effects of fires on aquatic invertebrate community 
are not consistent.  Minshall et al. (2001) and Minshall (2003) found minor or indiscernible 
direct effects in lotic invertebrate communities. After forest fires, Mellon et al. (2008) 
observed higher macroinvertebrate densities and lower diversity with chironomid midges 
dominating the community. To Earl and Blinn (2003), the post-fire reductions in 
macroinvertebrate densities can be ranged from minimal to dramatic with Diptera, 
Ephemeroptera and Trichoptera being the most affected groups. The authors associate 






the ash material. Rinne (1996) witnessed a drastic reduction in the density of aquatic 
macroinvertebrates due to the slurry and ashes flow. Munro et al. (2009) studied endemic 
species of artesian springs, and recorded higher densities in short periods of time after 
fire. Long-term effects weren’t detected, reinforcing the high resilience of the invertebrate 
community. Scrimgeour et al. (2001) showed a higher postfire macroinvertebrate biomass 
in canadian lentic systems as long periods have passed after the disturbance. 
Rinne (1996) found drastic reduction in the density of a salmonids population 
following a wildfire and  Spencer et al. (2003) observed a high  number of dead fish 
(mainly Oncorhynchus clarkii lewisi), which may have been related to the high 
temperatures or to the diffusion of smoke gases and alterations in water chemistry (e.g., 
high ammonia levels). Pilliod et al. (2003) studies reveled several effects of fire in 
amphibian populations, e.g.: the combustion can kill individuals of all life stages; the 
reduction of vegetation may leave them more exposed to predators and to ultraviolet-B 
radiation; and alterations in water chemistry and thermal stress can result in mortality of  
the aquatic life stages. 
 
From the considerations above, it is recognizable that wildfires can lead to several 
and serious economic and environmental impacts, with the extension of these impacts 
being generally related to their frequency, severity and timing of occurrence (Pettit and 
Naiman 2007). The literature is not consensual as to the changes operated by wildfires in 
aquatic ecosystems; while some studies noticed important changes in aquatic 
communities or severe deleterious effects in different species (e.g., Prieto-Fernandez et 
al. 1998, Rinne 1996), others could not link the event with impacts in the biota (e.g., 
Minshall et al. 2001, Minshall 2003). Considering this inconsistency, it is reasonable to 
hypothesize that some ecosystem conditions may buffer the expected effects of wildfires 
in the aquatic biota. The present study was framed by this context and the main 
addressed question is if, in the aquatic ecosystem, wildfire impacts can eventually be 
smoothed by the invasive bivalve Corbicula fluminea. The answer should provide a new 
perspective where the nuisance can compensate with some benefit to the ecosystem. 
 
 
Corbicula fluminea as a nuisance 
The Asian clam Corbicula fluminea (Müller 1774), of current widespread distribution, 
is a filter and pedal feeder freshwater bivalve (Doherty 1990, Karatayev et al. 2003, 






species often occurs in dense aggregations burrowing in soft sediments (Phelps 1994, 
Sousa et al. 2008b, Vaughn and Hakenkamp 2001). C. fluminea shows a rapid growth 
and short life span (4 years). These clams mature quickly, have high fecundity (>68 000 
pediveligers adult -1 year-1) and great capacity of dispersion i.e. show the typical 
characteristics of an r species (Doherty 1990, McMahon 2002, Sousa et al. 2008a, Sousa 
et al. 2008c). 
Asian clams exhibit large range of tolerance to different environmental conditions: 
they can tolerate significant turbidity (McMahon 2002), salinities beetween 2 and 17, 
temperatures within 2 - 37 º C (Karatayev et al. 2005) and pH ranging from 5.9 to 8.2 
(Araujo et al. 1993). Higher biomasses are generally recorded on sandier sediments, with 
higher values of organic matter and redox potential (Karatayev et al. 2003, Karatayev et 
al. 2005, Sousa et al. 2008c). On the other hand, clams are generally restricted to well-
oxygenated areas (Rosa et al. 2011a, Sousa et al. 2008a), sensitive to salinity fluctuations 
(Sousa et al. 2006) and biotic factors like competition or parasitism may also negatively 
affect their distribution (Sousa et al. 2008c.). Some authors argue that Asian clams are 
sensitive to organic pollutants (Sousa et al. 2008c), but others evidence that they tolerate 
and accumulate e.g. organochlorine pesticides (OCPs) (Takabe et al. 2010), 
polychlorinated biphenyls (PCBs) (Tatem 1986), dioxins, furans,  chlorinated pesticides 
(Colombo et al. 1995), and PAHs (Narbonne et al. 1999, Pruell et al. 1986, Sherman et al. 
2009).  
Although its native range is restricted to Asia, C. fluminea is now common in 
European and American freshwater habitats (Sousa et al. 2008b). The rapid spread of this 
invader has been argued to result from human activities, e.g. transport of specimens as a 
tourist curiosity, food resource, fish bait or carried in ballast water. These pathways 
combined with natural dispersion, e.g. passively transported by currents, fishes (digestive 
tracts), aquatic birds (feet/feathers)  or attached to floating vegetation (Darrigran 2002, 
Diniz et al. 2007,  McMahon 1982, McMahon 2002, Sousa et al. 2008a) contribute to the 
species dispersal ability. The first record of an established C. fluminea population in 
Portugal and in Europe was in 1980, in the Tejo river (Mouthon 1981). Since then, the 
species has experienced massive expansion in the country and the current distribution 
range comprises most of the Portuguese main watersheds (Rosa et al. 2011b). In Europe, 
the species is currently established in Spain (Araujo et al. 1993), France (Mouthon 1981), 
United Kingdom (Howlett and Baker 1999), Germany, Belgium, the Netherlands 
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This species has considerable negative ecological and economical impacts 
(Hakenkamp et al. 2001, McMahon 2002, Phelps 1994), however eradication does 
not seems a viable option. Furthermore, the removal of an established population can 
lead to unpredictable and dramatic changes in ecosystem (Zavaleta et al. 2001). 
Biological management (birds, fishes and mammals) has the potential to control clam 
densities in the wild, but so far there are no studies proving a significant regulation in C. 
fluminea population abundances (Sherman et al. 2009, Sousa et al. 2008c).  
As an ecosystem engineer that establishes at high densities in invaded areas 
C.fluminea is able to alter ecosystem structure and functioning (Jones et al. 1997, Sousa 
et al. 2009, Vaughn and Hakenkamp 2001). The general pathways of this role by the 






Figure 1- Positive (+) and negative (-) effects of Corbicula fluminea biological processes at the level 
of abiotic variables and biota. Adapted from Sousa et al. 2009. 
 
 
C. fluminea highly efficient filtering rates result in the removal of phytoplankton, 
bacteria and particulate organic matter from the water column at a high rate. Thus, light 
penetration in the watershed is enhanced, which favors macrophyte and periphyton 
growth (Karatayev et al. 2003, Phelps 1994, Sousa et al. 2009, Vaughn and Hakenkamp 
2001). The grown macrophyte beds provide extended shelter for zooplankton and habitat 
for some fishes (Reeders and Bij de Devaate 1990) whereas reduce the habitat available 
for clams, a negative feedback potentially capable to regulate its population abundances 






Asian clams suplement filter feeding with pedal feeding when there isn’t enough 
material available to filter out of the water column. Both modes of feeding support their 
high metabolism and rapid growth rate (Hakenkamp and Palmer 1999). Pedal feeding 
reduces the organic content and the abundance of diatoms and benthic bacteria on the 
sediment (Hakenkamp et al. 2001). 
As infaunal organisms, Asian clams might change rates of sedimentation, sediment 
chemistry, grain size, aggregation, porosity and organic matter content by bioturbation of 
sediment and biodeposition of (pseudo)feces (Hakenkamp and Palmer 1999, Prokopovich 
1969, Vaughn and Hakenkamp 2001). These biological processes improve sediment 
homogenization and aeration, with positive consequences in the  metabolism of the 
microbial comunity  (Vaughn and Hakenkamp 2001). The post-digested material, 
deposited on the bottom as feces, and the non-ingested material, deposited as 
pseudofeces, enrich the organic content of sediments and provide an additional food 
source for other benthic taxa (Karatayev et al. 1997, Karatayev et al. 2005, Vaughn and 
Hakenkamp 2001, Werner and Rothhaupt 2007). Werner and Rothhaupt (2007) argue 
that C. fluminea can also use their own biodeposition products further limiting the amount 
of food available for other organisms. The considerable excretion rate of C. fluminea also 
has repercussions in compartment’s nutrient concentrations and hence in the 
biogeochemical cycles (Hakenkamp et al. 2001, Sousa et al. 2008a).  
C. fluminea shell production may have several effects in aquatic habitats: e.g., 
controls local solutes/particles transport, introduces additional complexity to the system by 
providing a greater area of colonization to epilytic and epizoic organisms and creates new 
microhabitats (empty shell cavities and interstices between shells) (Gutiérrez et al. 2003, 
Sousa et al. 2009). The generated microhabitats protect benthic fauna from physical 
conditions (e.g., waves, currents) and provide refuge (Vaughn and Hakenkamp 2001). For 
example, Caenis spp. larvae and Hirudinea densities enhanced at such heterogeneous 
habitats (Werner and Rothhaupt 2007). The shell densities, size and shape affect the 
previous services (Gutiérrez et al. 2003).  
Although clams are a major component of freshwater benthic communities already 
proven to induce structural and functional changes in the invaded ecosystems, their 
effects on fauna abundance and diversity have not been extensively studied (Darrigran 
2002, Vaughn and Hakenkamp 2001). Nevertheless, is recognized that C. fluminea may 
be a new food item in infested water bodies with Cantanhêde et al. (2008) reporting this 
bivalve as an almost exclusive diet for the granulated catfish Pterodoras granulosus. 






sponges and amphipods in the presence of Asian clams. Karatayev et al. (2005) 
corroborates it, reporting an endosymbiotic relationship with the oligochaete Chaetogaster 
limnaei. On the other hand, Hakenkamp (2001) suggests that C.fluminea induces a 
smaller abundance of benthic bacteria, diatoms and flagellates and no apparent effect on 
protists or meiofauna. Indeed, the establishment of the invasive Asian clam induces 
negative impacts on native bivalve’s abundance and diversity through reducing available 
habitats, ingesting sperm, glochidia and juveniles, limiting food availability and increasing 
consumption of oxygen.  Furthermore, they can be a host to/vector of parasites and 
pathogens that might affect the native fauna (Karatayev et al. 1997, McMahon 2002, 
Sousa et al. 2008a, Vaughn and Hakenkamp 2001). All these impacts are directly 
correlated with local species composition, Asian clam’s population densities and time 
since introduction (Karatayev et al. 2003). 
Other adverse effects of this invasive species which are directly linked to human 
activities include the bioconcentration and biomagnification of contaminants across the 
food chain (Narbonne et al. 1999, Achard et al. 2004) with eventual human health risk; 
and fouling of water lines within the freshwater-dependent industry and obstruction of 
irrigation canals with the consequent economic losses (Belanger et al. 1991, Darrigran 
2002, McMahon 1982, Rosa et al. 2011b).  
 
 
Corbicula fluminea: a powerful biofilter? 
The Asian clam has been recognized as a well-suited species for biological 
monitoring of a variety of contaminants provided its high tolerance to lethal effects 
resulting from exposure, large size, sedentary habit, abundance, ubiquity and multi-year 
life span (Doherty 1990, Graney et al. 1983, Gupta and Singh 2011  Shoults-Wilson 2008, 
Oehlmann and Schulte-Oehlmann 2002, Sherman et al. 2009, Takabe et al. 2010). 
According to Vidal (2002) these criteria make C. fluminea a good candidate as a 
freshwater sentinel organism for environmental survey programs. For example, this 
species was already used in the national French program ECODYN as a biomarker for 
water contamination (Legeay at al. 2005): 
C. fluminea concentrates contaminants from both the water column and the 
sediment (Doherty 1990, Karatayev et al. 2003), providing an integrated measure of the 
exposure scenario (Smolders et al. 2003). The species is able to concentrate high levels 
of contaminants in tissues (Narbonne et al. 1999), providing an indication on the 






web (Darrigran 2002, Doherty 1990, Peltier et al. 2008). The contaminants’ accumulation 
can also occur in shells trough adsorption from surrounding environment onto the organic 
matrix (passive process) or by isomorphic substitution, within the calcium carbonate 
matrix, after transported from soft tissues to the mantle (active process) (Conners et al. 
1999, Lingard et al. 1992, Sturesson 1976). Conners et al. (1999) studied the pattern of 
Pb accumulation in C. fluminea and reported much higher values in shells than in the 
adductor muscle tissue and foot tissue. Besides that, the concentrations of this metal in 
shells were not affected by the depuration period. The authors concluded that, for this 
species, shells are the primary storage site for lead. They even alert for the integration of 
shells in monitoring programs focusing sites affected by this contaminant. Indeed, when 
compared to tissues, shell analysis has some advantages such as easier identification, 
collection and preservation and as they are preserved in the fossil record, shells allow a 
temporal evaluation of metal pollution (Al-Aasm et al. 1998). Shell accumulation is 
particularly important because it may act as a detoxifying mechanism for organisms 
(Bertine and Goldberg 1972, Sturesson 1978; Al-Aasm et al. 1998). In fact, Walsh et al. 
(1995) observed differential bioaccumulation of metals and organopollutants between 
shells and soft tissues of Austrocochlea constricta with the longest-chain aliphatic 
hydrocarbons mainly confined to the shells, suggesting that shells might be a safe storage 
site for pollutants resistant to soft tissue detoxification mechanisms.  
Accumulation of contaminants occurs when uptake rates exceeds corresponding 
elimination rates. Contaminant bioavailability and feeding rates regulate the uptake while 
elimination depends on biotransformation and excretion (Naimo 1995, Sherman et al. 
2009). Bioaccumulation is influenced by chemical, physical and biological factors: site 
location in the watershed, physico-chemical environment (suspended solids, dissolved 
oxygen, pH, temperature, turbidity), sediment composition, duration and concentration of 
exposure, hydrophobicity of the chemicals, log Kow, organism’s age, length and condition 
(Graney et al. 1983, Shoults-Wilson 2008, Shoults-Wilson et al. 2009, Takabe et al. 2010). 
The location of the sampling site also affects the depicted accumulation patterns of most 
contaminants mainly because sites differ chemically. Upstream sites generally have 
higher content of dissolved organic matter (DOM), which increases the accumulation 
of some dissolved metals, e.g. Cd, Pb, and Zn, due to complexation phenomena with 
DOM (Angelo et al. 2007, Roditi et al. 2000, Shoults-Wilson et al. 2009). 
Positive relationships are usually defined between contaminants bioaccumulation 
and log Kow or hydrophobicity of the chemicals (Takabe et al. 2010). The same pattern is 






species (Doherty 1990, Vidal et al. 2000), pH (Doherty 1990, Simon and Garnier-Laplace 
2004) and duration and concentration of exposure (Conners et al. 1999, Graney et al. 
1983, Legeay et al. 2005) which influences the distribution of elements in bivalve organs 
(Simon and Garnier-Laplace 2004). Moreover, clear water (with reduced turbidity) 
potentiates the accumulation of lower molecular weight and more water soluble PAHs 
(Baumard et al. 1999) while water with higher oxygen saturation potentiates the 
accumulation of metal contaminants like arsenic, whose speciation is affected by the 
oxygen saturation of the medium (Shoults-Wilson et al. 2009, Sohrin et al. 1997). On the 
other hand, Tran et al. (2001) showed higher Cd accumulation in water bodies with low 
oxygen saturation, due an increase in C. fluminea ventilatory activity. Although Nugegoda 
and Rainbow (1989) have reported an increased bioavailability of Zn at low salinity levels, 
which affects the atomic form of soluble metals and the processes 
of osmoregulation, Luoma et al. (1990) did not find a significant correlation between 
this parameter and the  accumulation of Cu, Cd and Cr in C. fluminea. The accumulation 
of contaminants is also closely related to the characteristics of the sediment that may 
determine which elements are (more) available to organisms (e.g. finer sediments tend to 
exhibit the highest concentrations of Fe and Mn adsorbed to particles) (Luoma et al. 
1990). Shoults-Wilson et al. (2009) refers higher accumulation of cadmium in C. fluminea 
in sandy systems than in sediments of high silt/clay fraction. 
Particular characteristics of the organisms such as age and size can be responsible 
for differences in bioaccumulation patterns (Boening 1999). Older individuals may 
have a greater net capacity to accumulate some contaminants once they were exposed 
for a life-through longer period and/or because they have less effective elimination 
mechanisms due to the typically slower metabolic rates (Shoults-Wilson et al. 2009). In 
general, larger individuals accumulate higher concentrations of trace metals like Cd, Cu, 
Cr, and Hg as compared to smaller individuals (Angelo et al. 2007, Bilos et al. 1998, 
Luoma et al. 1990), but the literature is not consistent as to this tendency.  According to 
Shoults-Wilson (2008), larger individuals accumulate higher Cd levels, but the opposite 
occurs with Cu, Ni, Pb, and Zn. Popham and Dauria (1983) found that larger mussels 
have lower ability to accumulate Cu and higher ability to accumulate Pb and Zn compared 
to smaller individuals. Although reporting a positive relationship between C. fluminea size 
and Cu levels, Bilos et al. (1998) reported an inverse tendency with Zn levels. The authors 
justified it with different physiological requirements of both essential metals with age. As 






rates noticed for lead may also result from its allocation to the shell in older individuals 
or from its dilution in the soft tissue as the organisms grow.  
It’s also important to notice that in presence of contaminants, C. fluminea has the 
ability to slow down the valve closure rhythm as a protective/adaptive strategy, which 
constrains filtration and consequently accumulation rates (Doherty et al. 1987, Fournier et 
al. 2005, Graney et al. 1983, Inza et al. 1997, Tatem 1986, Tran et al. 2007). Liao et al. 
(2005) even  suggest that the pollution level of a watershed may be estimated by the 
frequency and duration of bivalves valve closure. Legeay et al. (2005) tested the 
interference of Cd contamination, under normoxia and hypoxia conditions, in valve closure 
of C. fluminea and verified that the adaptive behavior only occurred under normoxia. The 
authors justification was the constraint imposed by the oxigen supply requirement  under 
contaminated/uncontaminated hypoxia conditions, leading to an increased need to 
ventilate. 
In fact, the filtering rate of this invasive bivalve varies considerably among different 
tested conditions, being affected by gill morphology, size and concentration of particles, 
water temperature and by clam’s size (Sylvester et al. 2005, Vaughn and Hakenkamp 
2001). The gills have specific characteristics which support the high rate of filtration: 
acomplex cirri of two ciliary plates with 42 cilia per plate (Silverman et al. 1995). Is known 
that C. fluminea can filter particles between 1 and 20 µm (Karatayev et al. 2005) but there 
are inconsistent evidences about the response of filtration rates of this species to varying 
particle concentrations. Although Vaughn and Hakenkamp (2001) suggest that the 
filtration rate increases with increasing particles concentration until a threshold is reached, 
Way et al. (1990) showed higher filtration rates at lower suspended particles 
concentrations. The latter authors also suggest that, across a range of particle 
concentrations, C. fluminea can physiologically adjust to achieve an optimal filtering rate 
and that these depend on clam weight as particle concentrations increase - the filtration 
rates of smaller individuals are reduced while larger clams show an improvement in their 
filtration rates.  
It is consensual that temperature enhances the metabolic rate of aquatic organisms 
and consequently the filtration activity. This occurs until a plateau is reached and from that 
point onwards, the clearance rate drops abruptly (Sylvester et al. 2005). According to 
Mattice (1979), 24ºC is the optimal filtering temperature for C. fluminea. However, 
experimental data on bivalves filtering activity are not systematic and some 
inconsistencies have been noticed. For example, Reeders and Bij de Vaate (1990) 






suggesting that differences between bivalve species should be considered. At 20ºC, 
Prokopovich (1969) reported a filtering rate for C. fluminea of 20-150 ml g-1 h-1 while Habel 
(Way et al. 1990) reported 11 ml clam-1 h-1.  At temperatures within the range 18-27 ºC, 
Mattice (1979) presented values of 200-800 ml clam-1 h-1 and Foe and Knight (Way et al. 
1990) indicated a filtering rate range of 3-13 ml clam-1 h-1 at 16-30ºC. These rates were 
estimated under unrealistic conditions, e.g., individuals were not allowed to burrow in the 
sediment. Furthermore, these values could not be correlated with size and concentration 
of natural food resources. It is therefore reasonable to conclude that under natural 
conditions, Asian clams may exhibit much higher filtering rates (Vaughn and Hakenkamp 
2001, Way et al. 1990).  Way et al. (1990) recorded filtering rates  in the field ranging from 
10 to 610 ml h-1, in clams weighing within 50-400 mg (dry weight) and Cohen et al. (1983) 
calculated a mean value of 24.1 ml g-1 h-1.   
No studies could be found in the literature regarding the influence of the size of the 
organism in filtration rates for C. fluminea. However, Sylvester et al. (2005) compared the 
filtration rates of Limnoperna fortunei belonging to different size-classes (15 and 23 mm), 
and concluded that higher rates could be found in smaller organisms that feed more 
actively. Reeders and Bij de Vaate (1990) also reported this same pattern in D. 
polymorpha, but attributed it to a degenerative feature of the largest, thus oldest mussels. 
High filtering rates combined with elevated densities over extensive areas, characteristic 
of invasive bivalves such as C. fluminea, result in large volumes of water filtered in a few 
hours (Karatayev et al. 2005). Based on this general scenario, Asian clams are a potential 
asset to the restoration of eutrophic water bodies (McMahon 2002, Phelps 1994). In fact, 
a reduction of approximately half of phytoplankton abundance in the Potomac River (USA) 
in only 3-4 days was evident in the study by Cohen et al. 1984.  
The potential as a biofilter was already recognized in the freshwater zebra mussel 
Dreissena polymorpha (Karatayev et al. 2005), and this invasive bivalve was already 
incorporated in restoration programs. The grazing pressure of the zebra mussels induces 
a decline in algal biomass and turbidity, starting a biomanipulation cascade and 
culminating in an improvement of aquatic ecosystem health (Reeders and Bij de Devaate 
1990). Elliott et al. (2008) underlined the potential of D. polymorpha as an on-site 
industrial biofilter for water treatment. Nevertheless, water quality benefits certainly do not 
justify the introduction of invasive species, which restricts such a treatment/remediation 
strategy to already-infested water bodies or to closed systems where the species spread 






fluminea, using a complex mixture as a challenge that simulates post-wildfire runoff and 
contains essentially metals and PAHs.  
 
 
Dissertation aims and structure 
The main purpose of the present dissertation was to evaluate the biofilter potential 
of Corbicula fluminea  Müller 1774, using wildfires runoff as a model challenge. It was a 
first approach to assess if there could be a benefit from an invasive species in the 
mitigation of deleterious effects of wildfires on aquatic ecosystems. An integrated 
assessment of the chemical and biological improvements promoted by the species in the 











Figure 2: Schematic representation of the integrative experimental approach followed in the 
present study. The contents of the two central chapters of the dissertation are highlighted in 
grey for better guidance across the document. 
 
The current dissertation document was organized in four chapters. The first contains 
a comprehensive literature review and provides the state of the art on the environmental 
effects of wildfires; it also provides an overview on the biology of the Asian clam Corbicula 
fluminea, whose ability as a biofilter is the main research question defining the scope of 
this dissertation. Chapter II and Chapter III were written following the structure of scientific 
papers. The former aimed at clarifying the chemical composition (PAHs and metals) of an 
aqueous extract of aches from a forest fire and characterizing its ecotoxicological effects 
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potential of C. fluminea by assessing the changes in PAH and metal composition as well 
as in eco-toxicological profile produced by a 7-day treatment with the bivalve. Chapter IV 
summarizes and integrates the information and main conclusions generated within the 
former two chapters to provide a general picture on the ability of the Asian clam to assist 
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Every year large Mediterranean forest areas are burnt. Wildfires can cause serious 
impacts on ecosystems and an increasing interest has been devoted to their effects on 
water chemistry and aquatic biota. To simulate the runoff from a burnt area, ashes were 
collected immediately after a forest fire in Vale de Cambra (Aveiro, Portugal) and 
composite samples were used to prepare standard aqueous extracts. A vast group of 
metals (Ag, Al, As, B, Ba, Be, Ca, Cd, Co, Cr, Cu, Fe, K, Li, Mg, Mn, Mo, Na, Ni, P, Pb, S, 
Sb, Se, Si, Sn, Sr, V, Ti, Tl and Zn) and the sixteen prioritized polycyclic aromatic 
hydrocarbons (PAHs) were analytically quantified in the aqueous extracts of ashes (AEA). 
The results identified Ca, S, Mg, K and Na as the major metals in such extracts and only 
the low molecular weight PAHs Phenanthrene and Naphthalene were quantified. In 
parallel, an ecotoxicological screening of these AEA was performed with four aquatic 
species representing different functional groups and trophic levels. AEA induced a 
decrease in the growth of the primary producers Pseudokirchneriella subcapitata and 
Lemna minor (a statistically significant effect was observed at the highest tested 
concentrations), and inhibited the Vibrio fischeri luminescence. No significant Daphnia 
magna immobilization was observed, so that short-term toxicity is not expected for higher 
trophic levels. The results emphasize the need of additional research to understand the 
complexity of the potentially deleterious ecological effects of wildfires on aquatic 
communities due to the exportation and input of post-fire contaminants. 
 
Keywords: Wildfire impacts, aqueous extracts of ashes, metals, polycyclic aromatic 




Wildfires are powerful modifiers of the environment (Raison 1979), capable of 
modify a variety of ecosystem services such as carbon sequestration and soil fertility, as 






in the Mediterranean region due to the climatic changes combined with human behavior - 
land-use changes, criminal activities, negligence (Pereira et al. 2005, Pinol et al. 1998). 
Wildfires affect the aquatic, terrestrial and atmospheric compartments with huge 
ecological, economic and social repercussions (e.g., Alegre et al. 2010, Certini 2005, 
Gonzalez-Perez et al. 2004). Among all the environmental problems caused by wildfires, 
the contamination of water bodies by postfire inputs of contaminants has been a relatively 
neglected issue. In fact, deleterious pyrolytic substances, as metals and polycyclic 
aromatic hydrocarbons (PAHs), can be transported to neighboring aquatic systems with 
serious and complex consequences to water quality and aquatic biodiversity (e.g., Manoli 
and Samara 1999, Mast and Clow 2008). 
Wildfires are one of the natural sources of PAHs, which are considered 
contaminants of major concern due their high toxicity, environmental persistence and 
tendency to bioaccumulate (Cerniglia 1992, Manoli and Samara 1999, Ravindra et al. 
2008). Wildfires can also release metals, either directly by combustion of biomass or via 
re-availability from ashes-soil interactions. Metals are persistent pollutants that tend to 
bioaccumulate, eliciting toxic effects in diverse organisms at high concentrations (Adriano 
2001, Ignatavièius et al. 2006, Pereira and Úbeda 2010, Pitman 2006). The transport of 
these contaminants into water bodies can adversely affect the aquatic biota, 
compromising the structure and composition of resident communities (Ignatavièius et al. 
2006, Gupta and Singh 2011, Manoli and Samara 1999). 
Although several studies report the deleterious effects of wildfires on aquatic 
communities - phytoplankton (e.g., Charette and Prepas 2003), periphyton (e.g., Minshall 
et al. 1995), macroinvertebrates (e.g., Earl and Blinn 2003), fish (e.g., Rinne 1996), 
amphibians (e.g., Pilliod et al. 2003) -, there is still  a knowledge gap on the link between 
the runoff from burnt areas and toxic effects at the individual level promoted by pyrolytic 
contaminants. In fact, the majority of published studies regarding wildfire impacts on water 
quality is focused on nutrient loads (e.g., phosphate, nitrate, and ammonium) inputs 
(Spencer et al. 2003, Tiedemann et al.1978), while only few recents studies addressed 
post-fire inputs of contaminants into water bodies  (Campos et al. 2012, Ignatavièius et al. 
2006,  Olivella et al. 2006, Smith et al. 2011, Vila-Escalé et al. 2007). In fact, the available 
literature on the ecotoxicological effects of wildfire runoffs on the aquatic biota is limited to 
one study, where wildfire runoff samples were shown to be toxic to a battery of standard 
organisms (Campos et al. 2012).  
In this way, the present study focused the toxicity of aqueous extracts of ashes 






et al. (1991) and Nebeker et al. (1984). These aqueous extracts were intended to mimic 
the runoff from a burnt area into neighboring water systems, allowing to analyze the extent 
to which AEA prepared in laboratory can simulate wildfire runoff, collected in the field after 
rain events, as addressed previously by Campos et al. (2012). Considering the costs that 
the instrumentation of catchments for runoff samples collection represent, a proven 
relationship between the assessment made on them and that made in the present study 
using ashes as the main sample would greatly stimulate the comprehensiveness of the 
research to understand and characterize the effects of wildfires in the aquatic biota. The 
specific objectives of this study are to assess PAHs and metal composition of ash-derived 
AEA, and to characterize its environmental toxicity. The toxicity was tested for four 
standard species representing different functional groups and trophic levels of the aquatic 
ecosystem. They were: the luminescent bacterium Vibrio fischeri (Beijerinck 1889) 
Lehmann & Neumann 1896; the green microalgae Pseudokirchneriella 
subcapitata (Korshikov) F. Hindák 1990; the macrophyte Lemma minor Linnaeus 1753; 
the cladoceran Daphnia magna Straus 1820. 
 
 
2. Material and methods 
2.1 Ash sample collection and preparation of ash aqueous-extracts 
Ash sampling occurred in October 2011, immediately after a wildfire in Vale de 
Cambra, Aveiro, northern Centre Portugal (N 40° 47’ 415” and W 8° 24’ 329”). According 
data from the local fire department, the ca. 70 hours of combustion resulted in a total 
burned area of 748.40 ha. The area was composed of mixed stands of eucalyptus 
(dominant) and pines. A coarse survey of the burnt area indicated that the wildfire had 
been of moderate-to-high severity, as suggested by the total consumption of the tree 
canopies and the gray-white color of the ashes in particular (see e.g. Shakesby and Doerr 
2006, Keizer et al. 2008). In order to represent site variability in the samples, a 25-m 
transept was defined within the burnt sampling area and ashes were collected along the 
transept at six equidistant points. Similar ash volume was obtained from each sampling 
point (ca. 3 L). Ash samples were sieved at 2 mm, weighed and preserved at 4º C in the 
dark until further use for aqueous extracts preparation.  
For the assays with Vibrio fischeri, Pseudokirchneriella subcapitata, Lemna minor 
and Daphnia magna, composite samples of ashes (guaranteed by the mixture of the same 
weight of ashes from each sample point) were mixed in a 1:4 (v/v) ratio with distilled 






medium (OECD 2006a) and Synthetic hard water medium (ASTM hard water; ASTM 
1996), respectively. These mixtures were wrapped in foil for protection against light and 
placed on an orbital shaker for 2 h at 200 rpm. After 12 h of deposition, the aqueous 
fractions were collected by decanting and centrifuging at 5000 rpm for 15 min. The 
supernatants (aqueous extracts of ashes) were stored at 4ºC until use in the bioassays 
(maximum preservation period: 24 hours). 
 
 
2.2 Chemical assessment  
A composite sample of the ashes and an aqueous extracts of ashes (AEA) prepared 
in dechlorinated tap water were analyzed for their metal and PAH content. Ashes suffered 
a microwave-assisted digestion (DIN 22022-1) while AEA samples suffered an acid 
digestion - HNO3/H2O2 (EN ISO 17294-2). Metals quantification in ashes considered the 
following elements: Arsenic (As), Cadmium (Cd), Chromium (Cr) total, Cobalt (Co), 
Copper (Cu), Lead (Pb), Magnesium (Mg), Nickel (Ni), Vanadium (V) and Zinc (Zn). This 
selection includes metals with the greatest toxicological significance (As, Cd and Pb), 
essential trace metals (Cr, Co, Cu, Mn and Zn) and metals with biological interest (Ni and 
V) (Gerber et al. 2002). Cd, Pb and Ni are priority metals of major importance for aquatic 
environment, listed in the Priority Substances Directive (Directive 2008/105/EC 2008). 
Additionally, the AEA were also analyzed for the quantification of Aluminum (Al), Antimony 
(Sb),  Barium (Ba), Beryllium (Be), Boron (B), Calcium (Ca), Iron (Fe), Lithium (Li), 
Manganese (Mn), Molybdenum (Mo), Phosphorus (P), Potassium (K),  Selenium (Se),  
Silicon (Si), Silver (Ag), Sodium (Na), Strontium (Sr), Sulphur (S), Thallium (Tl), Tin (Sn) 
and Titanium (Ti). The analysis was extended to these elements to allow a better 
understanding on the composition of AEA, to improve the comparability between this and 
former studies and because some of them are constituents of culture media for the test 
organisms. Metal determinations in ashes and in AEA were carried out by inductively 
coupled plasma-mass spectroscopy (ICP-MS), following DIN EN ISO 17294-2 (E29) 
method and DIN EN ISO 11885/ DIN EN ISO 17294-2 methods, respectively. The 
analyses occurred in an accredited test laboratory according to DIN EN ISO/IEC 17025 
notification under the DAkkS German Accreditation System. The limits of quantification 
(LOQ) for metals, in ashes and in AEA, are indicated in Table 1. 
This study was restricted to the sixteen prioritized PAHs as defined by the United 






Acenaphthene (ACE), Acenaphthylene (ACY), Anthracene (ANT), Benzo(a)anthracene 
(BaA), Benzo(a)pyrene (BaP), Benzo(b)fluoranthene (BbF), Benzo(k)fluoranthene (BkF), 
Benzo(g,h,i)perylene (BGP), Chrysene (CHR), Dibenz(a,h)anthracene (DBA), 
Fluoranthene (FLT),  Fluorene (FLU), Indeno(1,2,3-cd)pyrene (IND), Naphthalene (NAP), 
Phenanthrene (PHE) and Pyrene (PYR). 
PAH levels were determined by gas chromatography coupled to mass spectrometry 
(GC-MS) following DIN EN 15527 (ashes) and DIN 38407-F39 (AEA) methods, at the 
same laboratory. The LOQ for all PAHs was 0.1 mg kg-1 dry basis for ashes and 10 ng L-1 
for AEA (see Table 1). 
 
 
2.3 Ecotoxicological assays  
Unialgal cultures of P. subcapitata have been maintained cyclically in the laboratory 
in sterilized Woods Hole MBL (Marine Biological Laboratory) medium (Stein 1973). In 
order to begin new cultures, algae were harvested in the exponential growth phase (5-7 
days old) and inoculated into fresh medium. Colonies of L. minor were maintained in 250 
ml erlenmeyers, in Steinberg medium, covered with cotton wrapped in gauze to permit air 
exchange and minimize evaporation and accidental contamination (OECD 2006a). Twice 
a week, the macrophyte cultures were renewed. Monoclonal cultures of D. magna (clone 
A sensu Baird et al. 1989a) were continuously reared in synthetic hard water medium 
(ASTM hard water) (ASTM 1996) supplied with an organic additive extracted from 
Ascophyllum nodosum (Baird et al. 1989b). Three times a week, cultures were renewed 
and cladocerans were fed with P. subcapitata at a rate of 3.00 x 105 cells ml-1. All cultures 
were maintained at 20 ± 2°C and 16L: 8D photoperiod. 
The luminescence inhibition test with V. fischeri was run under the guidance of the 
Microtox liquid-phase 81.9% basic test protocol (AE 1998), using an ash extract prepared 
in distilled water as the stock solution.  According to the manufacturer instructions, the 
aqueous extract was diluted to provide a serial concentrations range, being 81.9% the 
highest concentration tested. The luminescence inhibition following a 5 and 15 min 
exposure-period was assessed and used for further ECx estimates.  
The P. subcapitata growth inhibition test followed the OECD (2006b) guideline 201, 
with adaptation for 24-well microplate use (Geis et al. 2000).  The microalgae were 
exposed during 72 h to several concentrations of AEA: 0 % (MBL Control) 6.25%, 12.5%, 






two test concentrations with three replicates and two MBL control replicates. The 
composition of each well was 990 L of test solution plus 10 L concentrated inoculum 
prepared from a growing algae culture (exponential phase) in order to achieve an initial 
cell density of 104 cells mL-1 in each test well. Peripheral wells of the microplates were 
excluded from the assay (i.e. were filled with distilled water) to prevent interference of the 
so-called ‘edge-effect’ (evaporation is greater in these wells) in cell density readings, 
which would introduce undesirable variability among replicates. The microplates were 
incubated under continuous illumination and agitation (100 rpm in an orbital shaker), at 23 
ºC. The contents of each well were thoroughly mixed twice daily by repetitive pipetting to 
promote active gas exchange and prevent cell clumping. At the end of the test the algal 
densities of each well were microscopically counted using a Neubauer haemocytometer, 
allowing the calculation of cell yield, growth rate and percent of growth inhibition. 
The L. minor growth inhibition test was performed according to the OECD (2006a) 
guideline 211. The AEA were tested at several concentrations: 0% (Steinberg Control), 
6.25%, 12.5%, 25%, 50%, 75% and 100%. Only plants without contamination, visible 
lesions or discoloration were used in the test. The 7-day bioassay was conducted under 
continuous illumination, at 23ºC, in 150 ml erlenmeyer vessels filled with 100 ml test 
medium. Three replicates were established per test dilution and three plants of four fronds 
were randomly assigned to each replicate. Three similar plant samples were used to 
establish the dry weight at the beginning of the test. The vessels were randomly 
repositioned daily (to reduce spatially induced variation in temperature/light intensity). At 
the end of the test the frond number and dry weight of macrophytes of each vessel were 
quantified for further calculation of growth rates and percent growth rate inhibition values.  
The acute toxicity test with D. magna was conducted according to the OECD (2004) 
guideline 202. The test followed a static approach in glass test tubes with 25 mL of test 
solution. The AEA were tested at several concentrations: 0% (ASTM hard water Control), 
6.25%, 12.5%, 25%, 50%, 75% and 100%. An additional concentration 100%+F, filtered  
in  the  laboratory  using  a glass-fiber  filter  (1,2  µm  pore  size),  was tested to exclude 
the effect of ash particles in cladoceran immobilization as well as to test whether the 
dissolved fraction of contaminants is mostly explaining toxicity rather than the particulate 
fraction that can enter the organism via ingestion as adsorbed to suspended organic 
particles. Only neonates ageing less than 24 hours and born between the 3rd and 5th 
brood in the cultures were used in the bioassay. For every dilution tested, 20 animals 






were kept as described for cultures. Immobilization was recorded 24 hours and 48 hours 
after the beginning of the test.  
 
 
2.4 Statistical analysis  
Statistical analysis was performed with Statistica 7 and SPSS Statistics 17.0 for 
Windows®, employing a significance level (α) of 0.05. For V. fischeri, P. subcapitata and 
L. minor assays, ECx values and  corresponding  95% confidence limits were estimated by 
non-linear regression, using a logistic equation fitted to the data through the least squares 
method. For D. magna, ECx values and corresponding 95% confidence intervals were 
estimated by probit analysis (Finney 1971). One-Way ANOVA followed by the Dunnett’s 
test was applied to determine the Lowest Observed Effect Concentration (LOEC) and the 




3. Results  
3.1. Chemical analysis 
The higher metal levels in ashes were those of Mn, Zn, V, Pb, Cr and Cu (Table 1). 
In AEA the highest concentrations were observed for Ca, S, Mg, K and Na, albeit none of 
them was quantified in ashes. When comparing metallic elements analyzed in both 
matrices, their reduction towards eventually undetected levels in AEA can be noticed. A 
simple ratio of the concentration chemical in aqueous extracts to the chemical 
concentration in ashes revealed that Zn had the higher recovery among metals, even with 
a value of only 0.53% (Table 1).  
In regard to PAHs, the major compound found in ashes was NAP (1.0 mg kg-1 dry basis), 
followed by PHE (0.1 mg kg-1 dry basis). All others were found below the quantification 
limit (< LOQ). The analysis of AEA for PAHs quantification was in agreement with that 
made on the ashes, with NAP and PHE as the only compounds detected above the LOQ. 
Although in the ashes, the concentration of NAP was one order of magnitude higher than 
the concentration of PHE, both PAHs showed the same concentration in AEA, 20 ng L-1 






Table 1 – Chemical quantification in ashes and in aqueous extracts of ashes (AEA) and the 
chemical recovery ratios from ashes of the assessed contaminants. Metals commom to both 
matrices were identified according their role as essential trace metals (ET), metals of greatest 
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Cd GTS 0.5 0.6 1 <LOQ 
 
Co ET 1 3 10 <LOQ 
 
Cr ET 5 82 5 7.6 0.0093 
































































V BI 5 120 10 31 0.025 




) AEA (ng L
-1
) Chemical recovery 
ratio (%) LOQ Quantification LOQ  Quantification  
NAP 2 0.1 1 10 20 0.002 
ACE 3 0.1 <LOQ 10 <LOQ 
 
ACY 3 0.1 <LOQ 10 <LOQ 
 
ANT 3 0.1 <LOQ 10 <LOQ 
 
FLU 3 0.1 <LOQ 10 <LOQ 
 
PHE 3 0.1 0.1 10 20 0.02 
BaA 4 0.1 <LOQ 10 <LOQ 
 
CHR 4 0.1 <LOQ 10 <LOQ 
 
FLT 4 0.1 <LOQ 10 <LOQ 
 
PYR 4 0.1 <LOQ 10 <LOQ 
 
BaP 5 0.1 <LOQ 10 <LOQ 
 
BbF 5 0.1 <LOQ 10 <LOQ 
 
BkF 5 0.1 <LOQ 10 <LOQ 
 
DBA 5 0.1 <LOQ 10 <LOQ 
 
BGP 6 0.1 <LOQ 10 LOQ 
 
IND 6 0.1 <LOQ 10 <LOQ 
 





















5 min 15 min 
3.2. Ecotoxicological assays 
All the bioassays performed fulfilled the respective validity requirements (AE 1998, 
OECD 2004, 2006a, 2006b). Our results revealed a linear relationship between the tested 
concentration and V. fischeri luminescence inhibition (Figure 1). The toxicity of the AEA 
increased with the exposure time (especially at the two highest concentrations), with the 
highest effect (33.98%) observed after 15 minutes of exposure, in the maximum tested 










Figure 1 - Inhibition of Vibrio fischeri luminescence after exposure to a series of 
dilutions of ash aqueous-extracts (AEA). Open bars represent measurements after a 





The growth rate of the microalgae P. subcapitata decreased with increasing test 
concentrations (Figure 2), with the highest effect (30 ± 4 % reduction in growth rate 
relatively to control) reported in the concentration of 100%. The growth rate inhibition was 
statistically significant (Table 2) at the concentrations of 75 % (LOEC value) and 100 %. 
The results still allowed estimating ErC10 and ErC20 values (Table 3). The yield (biomass 
production during the test period) was more responsive to AEA as compared to the growth 
rate, with the highest effect reported in the undiluted sample (82 ± 5 % reduction in yield 
relatively to control). The effects on yield were statistically significant at the concentrations 
of 25% (LOEC value), 50%, 75% and 100%. The EyC10 and EyC20 values were lower than 
ErC10 and ErC20 and the concentration responsible for an effect of 50% in algae yield could 



























































Figure 2 – Growth Rate (GR) and Yield (Y) of Pseudokirchneriella subcapitata after a 
3-day exposure period to six ash aqueous-extracts concentrations plus a control 
(0%). Error bars correspond to standard error and different letters, a and b, represent 
significant differences between control and tested AEA concentrations considering 
the growth rate or the yield as variables, respectively (one-way ANOVA followed by 









Table 2- One-way ANOVA results and estimated LOEC values (Dunnett’s test; p ≤ 












Species Endpoint df MS res F ratio p value LOEC (%) 
P subcapitata Growth rate inhibition 6, 14 0.1795 10.780 <0.001 75 
 Yield inhibition 6, 14 3.717E+12 18.072 <0.001 25 
 
L minor Growth rate inhibition 6, 14 0.00556 10.616 <0.001 75 
 Yield inhibition 6, 14 3.123 7.752 <0.001 75 
 












Table 3 - ECx values for V. fischeri, P. subcapitata, L. minor and D. magna assays. The values between 
brackets represent the respective 95 % confidence limits.  
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32.87 ± 13.26  
(5.01; 60.72) 





5 ± 3.1  
(-; 11) 
10 ± 4.7  
(0; 20)  
35 ± 8.6 




50.80 ± 17.01 
(15.07; 80.54)  





29.64 ± 14.17  
(-; 59.41) 
45.81 ± 13.94  
(16.54; 75.10) 
96.41 ± 14.96  
(64.99; 127.82) 
D magna Immobilization >100 >100 >100 
ND*= not determined by regression 
 
 
Similarly to the patterns observed in tests with bacteria and algae, the higher test 
concentrations produced the strongest/most pronounced toxic effects in Lemna minor 
(Table 2 and Figure 3). The strongest inhibition in growth rate was recorded at a 
concentration of 75% (24.89 ± 4.26). The decrease in growth rate in this concentration 
(75%) as well as in the undiluted sample aqueous extract (100%) was statistically 
significant relative to control.  For the L. minor assay an ErC10 value as well as an ErC20 
value was estimated (Table 3). The yield results also showed the highest effect on the 
concentration of 75% (55.85 ± 6.34 reduction in yield relatively to control) and similar to 
the growth rate results, only the two highest concentrations produced significantly lower 
yield relative to control. Based on yield response, EyC10, EyC20 (both lowers than 


























































Figure 3 – Growth Rate (GR) and Yield (Y) of Lemna minor after seven day exposure 
to six ash aqueous-extracts concentrations plus a control (0%). Error bars 
correspond to standard error and different letters, a and b, represent significant 
differences between control and tested AEA concentrations considering the growth 
rate or the yield as variables, respectively (one-way ANOVA followed by Dunnett’s 




Contrary to the response evidenced by the other tested organisms, daphnids were 
not significantly affected by the AEA. In fact, out of the 160 newborns that initiated the test 
only two were immobilized, after 48 hours exposure to the highest test concentrations 
(75% and 100%).  
 
 
4. Discussion  
According the literature, the wood ash composition is highly variable: according to 
Demeyer et al. (2001), the major compounds of wood ash are carbonates (mainly calcium 
carbonate CaCO3), oxides of metals and silica, while iron is generally the most abundant 
microelement, probably because it is part of the structural composition of ash. On the 
other hand, and in agreement with our results,  Someshwar (1996) in Smith et al. (2011) 
reported Mn (4370 mg kg-1) and Zn (443 mg kg-1) as the main microelements in wood 
ashes. The author also corroborates the present study as to other metal contents, with 
similar mean concentrations for Cu (75 mg kg-1), Cd and Co (<10 mg kg-1). In his 
assessment the mean concentration of As (23.2 mg kg-1) and Pb (65 mg kg-1) were slightly 
lower than in ours.  
In AEA, the group of metallic elements that dominate are also commonly found in 













indicated above, wood ash is rich in Ca, Mg, K, Na, P and Si (Úbeda et al. 2009) and 
DeBano et al. (1979) in Bitner et al. (2001) found high levels of some of these metals (Ca, 
Mg and Na) in runoffs, in the first year after the fire, but with subsequent rains these 
values were reduced due to dilution. Moreover, Earl and Blinn (2003) reported short-lived 
increase (4 months) in K concentrations as well as in nutrient levels (ammonium, nitrate, 
soluble reactive phosphate) monitored in stream water following ash input. In an in-situ 
ashing experiment, they reported analogous results from field observations:  a short-live 
(24 hours) increase on the concentrations of ammonium, nitrate, soluble reactive 
phosphate, K, Na, Ca, Mg, as well as on turbidity, conductivity and water pH.  
In regard to PAHs, Johansson and van Bavel (2003) investigated their composition 
in incineration ashes from different sources and, in all samples, low molecular weight 
PAHs such as NAP and PHE dominated the quantification list. From the few published 
data on PAHs in wood ash, Enell et al. (2008) and Olivella et al. (2006) reported PHE as 
the major PAH present in ashes, as in the present study. PAH profiles in ashes are 
affected by the combustion temperatures and the type of fuel burnt (Enell et al. 2008). As 
there is not sufficient information available about the fire that generated the ashes studied 
here (a criminal investigation is ongoing and details cannot be disclosed yet), further 
comparisons with literature data would be too speculative. 
The very low levels of PAHs in the AEA would be expected because of the low 
solubility of these pollutants in water. The solubility of PAHs exhibits an inverse 
relationship with their molecular weight. Therefore, PAHs exhibiting lower molecular 
weight are the most soluble and more easily released during elutriation laboratorial 
procedures (Geffard et al. 2003, Manoli and Samara 1999). A month after the fire, under 
natural conditions, Olivella et al. (2006) witnessed an increase of PAHs concentration in 
stream waters due to atmospheric deposition of ashes, with 3-ring PAHs (PHE) and 4-ring 
PAHs (PYR) dominating the sample profile. After the first rains (two months after the fire), 
PAH levels decreased in water via degradation (by photo-oxidation) and/or dilution effect 
(due to autumn rainfalls) as well as due to adsorption to particulate matter and 
consequent sedimentation. Nevertheless, PHE was still found the main compound in 
nearly all sampling sites. Vila-Escalé et al. (2007) observed a similar pattern of PAH 
variation on the water of a Mediterranean creek after a forest fire. In almost all the 
sampling periods (12, 45, 64, 78, 107, 122 and 445 days after the fire) PHE was the 
dominant PAH in the dissolved phase. The exception occurred at the shortest period after 
fire, when NAP was the dominant PAH; from this point onwards this contaminant has not 






dominant contaminant and NAP was detected until 64 days after the fire. Fifteen months 
after the fire all PAH concentrations in water approached their background levels. 
Similarly to this latter study, Campos et al. (2012) reported the PAHs predominance on 
the particulate over the dissolved fraction, reflecting the high affinity of PAHs for 
suspended particles. However, some of their results contrast with ours and those by Vila-
Escalé et al. (2007). For example, in the runoff collected immediately after the fire, 
Campos et al. (2012) found that BaA was the dominant PAH in the dissolved phase while 
ACY dominated the particulate phase. However, in the samples collected one year after 
the fire NAP was the main PAH in both the dissolved (with values slightly higher than in 
the first sampling time) and the particulate phase (even with a reduction of almost 50% 
relatively to the first sampling time).  
When both matrices were compared, it was evident that the remobilization/recovery 
of chemicals (metals and PAHs) from ashes into the dissolved fraction of aqueous 
extracts varied among the several analyzed compounds (Table 1). This probably resulted 
of the contaminant’s physico-chemical properties: water solubility and affinity towards 
available organic material - Koc. Based on this rationale, it was expected that compounds 
with higher solubility and lower Koc may exhibit higher concentrations in aqueous 
extracts. In fact, this may explain the difference in the recovery rate between Zn (the metal 
with the highest recovery) to Cr (the metal with the lowest recovery) (GSI 2012). However, 
the recovery of PAHs evidences the opposite pattern although PHE (the chemical with the 
highest recovery) has lower water solubility and higher Koc than NAP (GSI 2012).  
The incorporation of ecotoxicological assays when addressing the risk posed by 
wildfires to the aquatic ecosystem provides a more integrative assessment as chemical 
analyses ignore bioavailability and interactive effects between contaminants (Chapman 
2000, Mowat and Bundy 2001, Smolders et al. 2003). Nonetheless, the available literature 
on the toxic effects of wildfires runoff on aquatic biota seems to be limited to Campos et 
al. (2012) On the one hand this constrains direct comparisons of our results and detailed 
analysis of the mechanisms of toxicity involved; on the other hand, baseline studies such 
as ours may trigger further developments and stimulate a better understanding on the 
effects of wildfires over the aquatic biota.  
The reductions in the bacterial luminescence found here, that should result from 
inhibition of enzymatic activity driven by contaminants (Parvez et al. 2006), were also 
reported by Campos et al. (2012) in runoff collected at a recently burnt eucalypt stand and 
about one year later. Aqueous extracts of ashes seem to be less toxic than post-fire runoff 






collected immediately after the fire (5min EC50 of about 10%; 15min EC50 of about 7%).  It 
is important to notice that the presence of organic matter in AEA may interfere with the 
bioavailability and subsequent toxicity of metals. Tsiridis et al. (2006) tested the effects of 
humic acids (HA) on the Cu, Pb, and Zn toxicity to V. fischeri. The analysis of  binary 
metal mixtures of these metals revealed synergistic interactions between Zn and Cu and 
between Zn and Pb while the interactive effect between Cu  and Pb was additive. At 
increased HA concentrations and longer contact time (0.5, 2 and 4 hours), Cu toxicity 
decreased, via complexation of the metal with HA; Zn toxicity seem to be unaffected by 
HA; and Pb toxicity increased probably because Pb-HA complexes make the metal more 
bioavailable and more able to interact to the transport sites of the biological membrane.  It 
should be additionally noticed that the results can be affected by the sample color and 
turbidity, interfering with luminous intensity measurements (Parvez et al. 2006). Given the 
low density of ashes, the centrifugation (used as part of the procedure for preparation of 
AEA) may not have been efficient enough to clear the tested sample; the bacteria tended 
eventually to adsorb to suspended particles as well as the suspended particles 
themselves may interfere with the luminescence reading thus overestimating toxicity.  
The AEA were also toxic for algae and macrophytes, especially at the highest 
concentration, in agreement with the results by Campos et al. (2012). Similarly to the 
noticed trend in V. fischeri data, wildfire runoffs cause higher toxicity than the AEA in 
algae, regardless the sample used for comparison was the filtered or the unfiltered one. 
Campos et al. (2012) observed an 80% reduction in the algae growth rate (EC50 of 90%) 
in undiluted samples collected immediately after fire while in our study the concurrent 
reduction was of only 29.91% ± 3.91. Similar outcomes on the L. minor growth rate 
inhibition by undiluted samples was found when comparing the present study and 
Campos et al. (2012), and both studies revealed higher tolerance of the macrophyte over 
the microalgae. Provided the significant role of primary producers on the regulation of 
oxygen levels and biogeochemical cycles in freshwater ecosystems (Sinha et al. 2005), 
our results raise concerns on the effects of wildfires in the aquatic biota. Furthermore, the 
toxic effects at this trophic level could indirectly affect higher trophic levels, trough bottom-
up mechanisms across the aquatic food-web (Abrantes et al. 2009).  
The following descending order of toxicity was elicited by the AEA in the present 
study: Vibrio fischeri > P. subcapitata > L. minor > D. magna. Campos et al. (2012), in 
Daphnia reproduction tests, equally reported that these grazers were less sensitive to 
wildfire runoff than species from lower trophic levels. This decreasing sensitiveness with 






different orders of toxicity found in studies where similar ecotoxicological batteries were 
applied (e.g. Antunes et al. 2010, Cleuvers et al. 2003, Martins et al. 2012, Pereira et al. 
2009, Vidal et al. in press) It should be noticed that, in the AEA preparation, the 
supernatants were not filtered, thus samples certainly contained contaminants adsorbed 
to suspended ash particles. However, considering the possible uptake pathways of the 
tested organisms, they have been exposed only to the dissolved fraction. An exception 
was the filter feeder D. magna that has been given access to both dissolved and 
particulate fractions of contaminants, hence stronger toxic effects were somewhat 
expected. Nevertheless, for the same battery of test organisms used in the present study, 
Campos et al. (2012) found that the toxicity of filtered and unfiltered wildfire runoff 
samples was not significantly different. Geffard et al. (2003) also compared the toxicity of 
metals and PAHs, in filtered and unfiltered elutriates of sediment samples with both 
inducing similar biological effects. This suggests a more relevant role of the dissolved 
contaminants in promoting adverse biological effects.  
Still related to the AEA preparation, one should recognize that the amount of ashes 
joined to obtain the aqueous-extracts may have resulted in an ash concentration (and 
consequently of pyrolytic substances) much higher than that expected in runoffs collected 
in field. The variability in the concentration of ash in the environment (affected by the local 
relief, burnt biomass, etc.) would also make it very difficult to know exactly the proportions 
of ash and solvent (distilled water or media) that should be used when preparing the AEA. 
However, and apart the known and already discussed limitations of our approach, since 
several dilutions were tested it is likely that the approximate concentration of runoff was 




The results of chemical quantification of ashes and their aqueous extracts 
corroborated the existing concerns on the wildfires impact on aquatic systems as a diffuse 
source of contaminants. Our results are generally very similar to the literature wildfire 
runoff data, meaning that ashes aqueous extracts seem to represent satisfactorily the 
contaminant matrix that reaches aquatic systems after a wildfire. Nevertheless, some 
variations should be recognized that can be explained by different wildfire properties, local 
characteristics and test conditions. The AEA were toxic to both decomposers (bacteria) 
and primary producers (algae and plants). Given the position in the food web and 






induced by wildfires are expected at the corresponding functional levels, which ultimately 
raise concerns on the potential repercussions at the whole ecosystem level despite. No 
direct toxicity is expected for higher trophic levels (no acute toxic effects were found for 
daphnids). Nevertheless, further assessment with other sensitive organisms should be 
conducted to confirm this first conclusion. As the ecotoxicological assessment was 
conducted under controlled and highly standardized conditions, extrapolation of results 
and predictions on actual environmental effects must be held carefully. In fact, under 
natural conditions, several biotic (e.g., competition) and abiotic (e.g., the presence of other 
stressors) variables which were not addressed in this study can affect the organism’s 
response to the challenge of interest. Further research is hence needed to understand the 
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The biofiltration potential of C. fluminea in the mitigation of post-fire runoff impacts 




Wildfires are increasingly frequent and severe in the Mediterranean countries, and 
can cause serious impacts on ecosystems. Addressed to a growing concern about the 
effects of wildfires on water quality and on the aquatic biota, an evaluation of the risks of 
aqueous extracts of ashes was conducted previously. The results reaffirmed wildfires as a 
diffuse source of contaminants (metals and PAHs) as well as showed different toxic 
effects of pyrolytic inputs of aquatic organisms: there was a reduction on the growth of the 
primary producers (algae Pseudokirchneriella subcapitata and macrophyte Lemna minor) 
and an inhibition in luminescence of the bacterial Vibrio fischeri. No significant acute 
effects were reported at a higher trophic level (cladoceran Daphnia magna). Based on the 
reported deleterious effects of wildfires on aquatic ecosystems, the biofiltration potential of 
Corbicula fluminea was tested in a 7-day experiment, using the aqueous extracts of ashes 
as a model challenge. This approach contributed to understand if this species may 
somehow contribute to the mitigation of potentially deleterious effects of wildfires. The 
contaminants in biofiltered water were monitored and compared with contaminant levels in 
clams (soft tissues and shells). At the end of the biofiltration action, there was a clear 
reduction of contaminants in the water samples: a removal of more than 70% was 
achieved for Mn, Ni and Zn while in organic contaminants, NAP was reduced in 50%. 
Compared with the unfiltered samples, the bio-filtered samples revealed less toxic effects: 
a smaller inhibition on the growth of the primary producers (statistical significant in both 
growth rate and yield of L. minor), a much lower luminescence inhibition of V. fischeri (or 
even luminescence stimulation of several tested concentrations) while non toxic effects 
were reported in D. magna. The results of this study evidence that the negative effects of 
the nuisance can eventually be compensated by additional services provided to the 
ecosystem. Notwithstanding, additional research is necessary to fully understand the 
potential and limitations of C. fluminea as a bioremediation option. 
 
Keywords: Wildfire impacts, aqueous extracts of ashes, metals and PAHs, aquatic 









Wildfires, increasingly frequent and severe in the Mediterranean region, have huge 
ecological, economic and social repercussions (e.g., Alegre et al. 2010, Certini 2005, 
Gonzalez-Perez et al. 2004). Among all the environmental problems associated to 
wildfires, the pollution of water bodies by postfire inputs has been a relatively neglected 
issue. Deleterious pyrolytic substances, as metals and polycyclic aromatic hydrocarbons 
(PAHs), can be transported to aquatic systems with serious and complex consequences 
to water quality and aquatic  biodiversity (e.g., Manoli and Samara 1999, Mast and Clow 
2008). Both groups of contaminants are of major concern due their high toxicity, 
environmental persistence and tendency to bioaccumulate (e.g., Ignatavièius et al. 2006, 
Manoli and Samara 1999, Pereira and Ubeda 2010). 
In a previous study (see Chapter II), which addressed this knowledge gap,  the 
potential toxicity of aqueous extracts of ashes was evaluated by simulating wildfires runoff 
(through aqueous extracts of collected ashes) and exposing different aquatic organisms to 
them. The results indicated that extracts should represent satisfactorily the contaminant 
matrix reaching aquatic systems after a wildfire, and different responses were shown by 
the tested organisms: the aqueous extracts of ashes were toxic to both decomposers and 
primary producers while no toxicity was observed at higher trophic levels. These results 
obtained with standard species that represent different functional groups and trophic 
levels reflect the inconsistency found in the literature on the deleterious effects of wildfires 
in aquatic ecosystems. This first assessment grounded the comparative approach 
followed to answer the main question driving this study, on whether the invasive bivalve 
Corbicula fluminea could mitigate the potential effects of wildfires on aquatic ecosystems 
due to its biofiltration capacity.  
The Asian clam C. fluminea is an infaunal bivalve native from Asia that nowadays is 
common in European and American freshwater habitats mostly due to human activities 
(Darrigran 2002, McMahon 1982, Sousa et al. 2008b). Since 1980, when there was a first 
record of an established population in Portugal (Tejo river) (Mouthon 1981), the species 
has experienced massive expansion in Europe; currently, distribution ranges stand over 
most of the Portuguese main watersheds (Rosa et al. 2011). This invasive bivalve has the 
typical characteristics of an r species (McMahon 2002), being very tolerant to diverse 
environment conditions (Karatayev et al. 2005). As an ecosystem engineer that 
establishes at high densities in invaded areas, C. fluminea is able to alter ecosystem 






changes are potentiated by biological processes like filter and pedal feeding, 
biodeposition, burrowing and shell production, which influence local abiotic variables and 
aquatic biota through several and complex pathways (for a detailed description see Sousa 
et al. (2009)). C. fluminea populations are also responsible for huge economical losses 
mainly associated to the fouling of industrial water lines and obstruction of irrigation 
channels or automated structures (e.g., Belanger et al. 1991, Darrigran 2002, Rosa et al. 
2011).  
The high filtering rates of C. fluminea combined with elevated densities over 
extensive areas result in large volumes of water filtered in short periods of time (Karatayev 
et al. 2005). Based on this, and similarly to what has been suggested for another bivalve 
nuisance, the zebra mussel Dreissena polymorpha, Asian clams could be used as 
industrial biofilters in the restoration of eutrophic water bodies or in the reduction of 
persistent pollutants in particular/controlled systems (Elliot et al. 2008, McMahon 2002, 
Phelps 1994). In fact, the high capacity for bioconcentration/bioaccumulation of 
contaminants in this species was recognized in several studies (e.g., Narbonne et al. 
1999, Achard et al. 2004). Asian clams, known as good sentinels, concentrate 
contaminants in their soft bodies and/or shells from both the water column and sediment, 
providing an integrated measure of the exposure scenario (Doherty 1990, Karatayev et al. 
2003, Smolders et al. 2003). Nevertheless, the published data evidencing its 
bioaccumulation capacity are generally limited to single exposure to selected chemicals or 
simplified combinations of two or three chemicals (e.g., Conners et al. 1999, Liao et al. 
2008, Marie et al. 2006, Netpae and Phalaraksh 2009). Since under natural conditions 
contaminants typically appear in complex mixtures, wider extrapolation from laboratorial 
experiments is constrained.  
In this way, the main aim of the present work was to test the biofilter potential of C. 
fluminea along a seven days exposure period, using aqueous extract of ashes (containing 
essentially metals and PAHs) as the model challenge. The experimental design 
considered both the chemical and the ecotoxicological perspectives through the 
assessment of the reduction of contaminant’s concentrations in the aqueous-extracts and 
by comparing the toxicity of pre- and post-filtered extracts by C. fluminea. The information 
provided by this integrative approach allows a better understanding of the potential of C. 
fluminea filtration: if both the concentration of chemicals in aqueous-extracts and the 
toxicity of aqueous-extracts become reduced by C. fluminea, this may indicate the 
potential of clams as a bioremediation tool. However, if e.g. a reduction in contaminant’s 






then unmeasured chemicals/conditions should be responsible for the toxic effects 
(Chapman et al. 1996). The ecotoxicological screening of the aqueous extracts of ashes 
was performed with four aquatic species representing different functional groups and 
trophic levels of the aquatic ecosystem: the luminescent bacterium Vibrio fischeri 
(Beijerinck 1889) Lehmann & Neumann 1896, the green microalgae Pseudokirchneriella 
subcapitata (Korshikov) F. Hindák 1990, the macrophyte Lemma minor Linnaeus 1753 
and the cladoceran zooplankter Daphnia magna Straus 1820. Furthermore, and in order 
to test the role of time in the removal efficiency, the rate of contaminant’s loss after 3 days 
of biofiltration was assessed. The resulting information should provide a new perspective 
where the nuisance can compensate with some benefit to the ecosystem. 
 
 
2. Material and methods 
2.1 Ash sample collection and preparation of ash aqueous-extracts  
Ash sampling occurred in October 2011, immediately after a wildfire in Vale de 
Cambra, Aveiro, northern centre Portugal (N 40° 47’ 415” and W 8° 24’ 329”). According 
data from local fire department, the ca. 70 hours of combustion resulted in a total burned 
area of 748.40 ha. The area was composed of mixed stands of eucalyptus (dominant) and 
pines. At wildfire deflagration, and next to the ignition site, the air temperature was 27.2ºC, 
relative humidity was 26.8% and the wind speed was 0 km h-1. A coarse survey of the 
burnt area indicated that the wildfire was of moderate-to-high severity, as suggested by 
the total consumption of the tree canopies and the gray-white color of the ashes in 
particular (see e.g. Keizer et al. 2008, Shakesby and Doerr 2006). 
In order to represent site variability in the samples, a 25-m transept was defined 
within the burnt sampling area and ashes were collected along the transept at five 
equidistant points. Similar ash volume was obtained from each sampling point (ca. 3 L). 
Ash samples were sieved at 2 mm, weighed and preserved at 4º C in the dark until further 
use for aqueous extracts of ashes preparation.  
For the ecotoxicological assays with Vibrio fischeri, Pseudokirchneriella subcapitata, 
Lemna minor, Daphnia magna and C. fluminea ash composite samples were mixed in a 
1:4 (v/v) ratio with distilled water, sterilized Woods Hole MBL (Marine Biological 
Laboratory) (Stein 1973), Steinberg medium (OECD 2006a), Synthetic hard water medium 
(ASTM hard water; ASTM 1996) and dechlorinated tap water, respectively. These 






for 2 h at 200 rpm. After 12 h of deposition, the aqueous fractions were collected by 
decanting and were centrifuged at 5000 rpm for 15 min. The supernatants (aqueous 
extracts of ashes) were stored at 4ºC prior to use in the bioassays (maximum preservation 
period: 24 hours). 
 
 
2.2 Corbicula fluminea: collection and biofiltration experiment 
Asian clams were collected on February 2012 from a shallow channel in Casal S. 
Tomé, Mira, Aveiro, northern Portugal. The local clam population is fully established with 
an average density of 4000 individuals m-2. The collection was carried out with a shovel 
into a porous bag (1 mm mesh size), where the sample was roughly sieved. Clams were 
immediately transported to the laboratory in 20 L-buckets. Each bucket held ca. 500 
individuals and ca. 15 L water of the sampling site. At the laboratory, clams were 
progressively transferred to dechlorinated tap water. Once a week, the water was fully 
renewed and the clams were fed with Pseudokirchneriella subcapitata suspensions. The 
cultures were maintained at 20 ± 2°C, 16L: 8D photoperiod and permanent aeration. The 
acclimation to laboratory test conditions plus quarantine took at least 3 weeks. 
A 7-day biofiltration test, adapted from Crowser (2002) and Netpae and Phalaraksh 
(2009), was run with two treatments: the control (C) and the aqueous extracts of ashes 
(AEA) treatment, with three replicates each. The control consisted of clean dechlorinated 
tap water and the AEA treatment was prepared as described above. The test was 
conducted in 5-L glass vessels, each containing 3.75 L of dechlorinated tap water or AEA 
solution and 30 randomly assigned clams (length range: 18.54 – 31.43 mm; mean ± SD: 
23.79 ± 2.42 mm). Incubation conditions were kept as described for cultures, except that 
clams were not fed during the experiment. Mortality was checked daily and dead clams 
(valves open with no siphoning activity or unresponsive to forced opening with a blunt 
probe) were removed from vessels. Dissolved oxygen, temperature, conductivity and pH 
were monitored daily using a multiparameter probe (WTW Multi 3430 Set F). At day 0, 3 
and 7, ammonium, alkalinity and hardness were measured by colorimetric methods at 
Aqualytic PC MultiDirect (APHA 1995), on a 10 mL water sample taken from each 
replicate; 250 ml of water were additionally collected from each replicate and a composite 
sample per treatment was preserved at -20ºC for further chemical quantification (see 
below). At day 7, the water was preserved in a freezer at 4ºC (maximum preservation 
period of three weeks) for post-filtering ecotoxicological assays and clams initiated a 






avoid interference of gut contents in chemical analysis (Robinson et al. 1993). At the end 
of the first day of depuration, clams were washed and the dechlorinated tap water was 
renewed. At the end of the depuration period, the clams were dissected on ice and soft 
tissues were separated from shells. Soft bodies and shells from the three replicates within 
each treatment were mixed to provide enough mass for chemical quantification. The 
samples were frozen for subsequent analysis. 
 
 
2.3 Chemical assessment  
Metal quantification in biological samples (clam’s soft body and shell) following 
exposure to the AEA considered the following elements: Arsenic (As), Cadmium (Cd), 
Chromium (Cr) total, Cobalt (Co), Copper (Cu), Lead (Pb), Magnesium (Mg), Nickel (Ni), 
Vanadium (V) and Zinc (Zn). This selection includes trace metals and metals with high 
toxicological significance, whose potential of bioaccumulation in C. fluminea is recognized 
in literature. The AEA were also analyzed for  Aluminium (Al), Antimony (Sb),  Barium 
(Ba), Beryllium (Be), Boron (B), Calcium (Ca), Iron (Fe), Lithium (Li), Manganese (Mn), 
Molybdenum (Mo), Phosphorus (P), Potassium (K),  Selenium (Se),  Silicon (Si), Silver 
(Ag), Sodium (Na), Strontium (Sr), Sulphur (S), Thallium (Tl), Tin (Sn) and Titanium (Ti). 
The analysis was extended since a vaster group of elements would allow a better 
understanding of the AEA composition and its comparison with literature. Furthermore, 
some of the metals are constituents of culture media for the test organisms.  
This study was restricted to the sixteen prioritized PAHs as defined by the United 
States Environmental Protection Agency - USEPA (ATSDR 1995). They were: 
Acenaphthene (ACE), Acenaphthylene (ACY), Anthracene (ANT), Benzo(a)anthracene 
(BaA), Benzo(a)pyrene (BaP), Benzo(b)fluoranthene (BbF), Benzo(k)fluoranthene (BkF), 
Benzo(g,h,i)perylene (BGP), Chrysene (CHR), Dibenz(a,h)anthracene (DBA), 
Fluoranthene (FLT),  Fluorene (FLU), Indeno(1,2,3-cd)pyrene (IND), Naphthalene (NAP), 
Phenanthrene (PHE) and Pyrene (PYR).Water samples (control/AEA) suffered an acidic 
digestion - HNO3/H2O2 (EN ISO 17294-2); soft tissue samples were digested with nitric 
acid under microwaves after freeze-drying and milling while the shells were treated with 
aqua regia after 40ºC drying and milling. Metal determinations were carried out by 
inductively coupled plasma-mass spectrometry (ICP-MS) following DIN EN ISO 17294-2/ 
DIN EN ISO 11885 and DIN EN ISO 17294-2 in biological samples. PAH levels were 






methodology for PAH analysis in water samples followed DIN 38407-F39, while in 
biological samples (soft tissue and shells) DIN ISO 13877 recommendations were 
generally followed.  All the analyses were provided by an accredited test laboratory (DIN 
EN ISO/IEC 17025 notification under the DAkkS German Accreditation System). The 
limits of quantification (LOQ) for metals and PAHs in water and biological samples are 
indicated in Tables 1 and 2. 
The bioconcentration factor (BCF), one of the most simplified models to address 
bioaccumulation, was calculated by the ratio of chemical concentration in clams (CB) to 
the concentration in water (CW): BCF = CB/CW (Gobas and Morrison 2000). 
 
 
2.4 Ecotoxicological assays  
Unialgal cultures of P. subcapitata have been maintained cyclically in the laboratory 
in sterilized Woods Hole MBL (Marine Biological Laboratory) medium (Stein 1973). In 
order to begin new cultures, algae were harvested in the exponential growth phase (5-7 
days old) and inoculated into fresh medium. Colonies of L. minor were maintained in 250 
ml erlenmeyers, in Steinberg medium, covered with cotton wrapped in gauze to permit air 
exchange and minimize evaporation and accidental contamination (OECD 2006a). Twice 
a week, the macrophyte cultures were renewed. Monoclonal cultures of D. magna (clone 
A sensu Baird et al. 1989a) were continuously reared in synthetic hard water medium 
(ASTM hard water) (ASTM 1996) supplied with an organic additive extracted from 
Ascophyllum nodosum (Baird et al.  1989b). Three times a week, cultures were renewed 
and cladocerans were fed with P. subcapitata at a rate of 3.00 x 105 cells ml-1. All cultures 
were maintained at 20 ± 2°C and 16L: 8D photoperiod. 
The Luminescence Inhibition Test with Vibrio fischeri was run following the Microtox 
liquid-phase 81.9% basic test protocol (AE 1998), using an AEA prepared in distilled water 
as the stock solution.  According to the manufacturer instructions, the AEA was diluted to 
provide a serial concentrations range with the highest concentration tested being 81.9%. 
The luminescence inhibition following a 5 and 15 min exposure-period was assessed and 
used for further ECx estimates.  
The Pseudokirchneriella subcapitata growth inhibition test followed the OECD 
(2006b) guideline 201, with adaptation for 24-well microplate use (Geis et al. 2000).  The 
microalgae were exposed during 72 h to several concentrations of AEA: 0 % (MBL 
Control), 6.25%, 12.5%, 25%, 50%, 75% and 100% in sterilized Woods Hole MBL 






control replicates. The composition of each well was 990 L of test solution plus 10 L 
concentrated inoculum prepared from a growing algae culture (exponential phase) in 
order to achieve an initial cell density of 104 cells mL-1 in each test well. Peripheral wells of 
the microplates were excluded from the assay (i.e. were filled with distilled water) to 
prevent interference of the so-called ‘edge-effect’ (evaporation is greater in these wells) in 
cell density readings, which would introduce undesirable variability among replicates. The 
microplates were incubated under continuous illumination and agitation (100 rpm in an 
orbital shaker), at 23 ºC. The contents of each well were thoroughly mixed twice daily by 
repetitive pipetting to promote active gas exchange and prevent cell clumping. At the end 
of the test the algal densities of each well were microscopically counted using a Neubauer 
haemocytometer, allowing the calculation of growth rate and percent inhibition of cell 
yield. 
The Lemna minor growth inhibition test was performed according to the OECD 
(2006a) guideline 211. The AEA were tested at several concentrations: 0% (Steinberg 
Control), 6.25%, 12.5%, 25%, 50%, 75% and 100%. Only plants without contamination, 
visible lesions or discoloration were used in the test. The 7-day bioassay was conducted 
under continuous illumination, at 23ºC, in 150 ml erlenmeyer vessels filled with 100 ml test 
medium. Three replicates were established per test dilution and three plants of four fronds 
were randomly assigned to each replicate. Three similar plant samples were used to 
establish the dry weight at the beginning of the test. The vessels were randomly 
repositioned daily (to reduce spatial differences in temperature/light intensity). At the end 
of the test the dry weight of macrophytes of each vessel were quantified for further 
calculation of growth rate and percent inhibition of yield.  
The acute toxicity test with Daphnia magna followed the OECD (2004) guideline 
202. The test followed a static approach in glass test tubes with 25 mL of test solution. 
The AEA were tested at several concentrations: 0% (ASTM hard water Control), 6.25%, 
12.5%, 25%, 50%, 75% and 100%. An additional concentration, 100%+F, filtered in  the  
laboratory  using  a glass-fiber  filter  (1.2  µm  pore  size),  was tested to exclude the 
effect of ash particles in cladoceran immobilization as well as to test whether the dissolved 
fraction of contaminants is mostly explaining toxicity rather than the particulate fraction 
that can enter the organism via ingestion as adsorbed to suspended organic particles. 
Only neonates ageing less than 24 hours and born between the 3rd and 5th brood in the 
cultures were used in the bioassay. For every dilution tested, 20 animals were divided into 






described for cultures. Immobilization was recorded 24 hours and 48 hours after the 
beginning of the test.  
 
 
2.5 Statistical analysis  
Statistical analysis was performed with Statistica 7 and SPSS Statistics 17.0 for 
Windows®, employing a significance level (α) of 0.05. For V. fischeri, P. subcapitata and 
L. minor assays, ECx values and  corresponding  95% confidence limits were estimated by 
non-linear regression, using a logistic equation fitted to the data through the least squares 
method. For D. magna, ECx values and corresponding 95% confidence intervals were 
estimated by probit analysis (Finney 1971). One-Way ANOVA followed by the Dunnett’s 
test was applied to determine the Lowest Observed Effect Concentration (LOEC) and the 




3. Results  
3.1. The biofiltration experiment 
During the biofiltration experiment, considerable mortality of clams was observed in 
the AEA treatment (49% maximum at the end of the 7-d exposure period); in the control 
treatment mortality reached 24%. Regarding abiotic parameters (Figure 1), the water pH 
evidenced a similar pattern in both treatments, with a slight peak at day four. No great 
variation within treatment was observed with slightly higher pH values found in AEA 
(mean ± SD across the test period: 8.09 ± 0.16; range of values: 7.31 – 8.53) compared to 
control (7.75 ± 0.09; 7.37 – 8.21). The dissolved oxygen content in water oscillated 
between 6.5 and 9.7 mg L-1, being in most cases slightly higher in control (8.88 mg L-1 ± 
0.19; 7.92 – 9.35) than in AEA (8.54 mg L-1 ± 0.43; 6.5 – 9.7). The water temperature was 
practically the same in all vessels (18.23ºC ± 0.83) along the time; the exception was at 
the beginning of the experiment with a lower temperature of AEA (most likely related to 
the time that samples took to equilibrate to room temperature following preservation at 
4ºC). In general, the conductivity increased with time with a huge discrepancy between 
treatments being noticed (Control:  192.95 µS cm-1 ± 15.62; 147.6 - 261; AEA: 1159.5 µS 






mg L-1 ± 0.02; 0.04 – 0.22) while in the AEA treatment an exponential increase was 
observed (94.13 mg L-1 ± 28.15; 0.29 - 212). Both alkalinity and hardness increased with 
time, with AEA registering the highest values (alkalinity of control: 87 mg L-1 ± 4.21; 60 - 
115; alkalinity of AEA: 216.67 mg L-1 ± 48.58; 150 - 290; hardness of control: 81.5 mg L-1 
± 30.41; 58 - 144; hardness of AEA: 118.94 mg L-1 ± 62.08; 52 - 237). 
The chemical analysis evidenced higher concentration of contaminants in AEA than 
in the control (Table 2). Si was the only exception, with a slightly higher concentration in 
control (C: 3.5 mg L-1; AEA: 3 mg L-1). The chemical assessment identified Ca, S, Mg, K 
and Na as the metals with highest levels in the dissolved phase of aqueous extracts of 
ashes while Cr, Se and Sb exhibited the lowest concentrations. In regard to organic 
contaminants, only NAP and PHE were detected, with equally low values (for further 
details on the chemical quantification before biofiltration see chapter II, in particular Table 
1).  In the control treatment concentrations of Ca, Na, S, Si, Mg, K (principal metals) and 
NAP (PAHs) should be highlighted. There was not a clear pattern in the contaminants 
removal through C. fluminea filtration (Table 2) along the exposure period. In fact, at day 
3, while some chemicals were clearly removed from the water column (see e.g. ≥50% loss 
observed in AEA for Zn, Ti, V, Al and NAP), other chemicals were found at higher 
dissolved concentrations (see e.g. >>100% increase observed in control for Al). At day 7, 
and except for Na and Si, all the contaminant concentrations in AEA were reduced, some 
of which becoming undetected. Loss rates of Zn and Mn from the water column in 7 days 
were noticeable, reaching ca. 70%. Therefore, in general, at longer filtration periods, the 
concentration of contaminants in AEA suffered greater reductions (Table 2). Increased 
loss of particular contaminants was also observed in the control treatment as the filtration 
period was extended (see e.g. ≥70% loss observed for Ni in Table 2). However, for a 
limited group of metals (Ba and Mg in control; Li and V in AEA), a shorter filtration period 
seems to be more efficient in its removal from the water column. In parallel, the chemical 
concentrations in biological samples (after 7 d filtration) were higher in AEA than in 
control, except for Cd (Table 3). The highest bioconcentration factors (BCF) were found 
for Cu, Zn and As considering soft tissues of clams while shells accumulated preferentially 
Mn. For organic contaminants it was not possible calculate the BCF, since in the end of 













Table 1 – Quantification of metallic elements and PAHs in water samples taken from the control and AEA 
treatments during the C. fluminea filtration test (at day 0, 3 and 7). The right-hand panel of the table shows the 
chemical elements loss in water during the first three days and the whole 7 days of the filtration experiment. 
Only chemicals quantified (above limits of quantification-LOQ) in at least one of the analyzed samples are 
shown in the table. The concentrations of Ag, Be, Cd and Ti were below the quantification limit of 0.001 mg L
-
1
; Co below 0.01 mg L
-1
 and Sn below 0.005 mg L
-1





Biofiltration test (mg L
-1
)   Contaminant loss in water (%) 
  
Control AEA   Control AEA 






Al 0.01 0.049 0.5 0.029 8.6 4.2 4.2 
  
40.82 51.16 51.16 
As 0.001 <LOQ <LOQ <LOQ 0.021 0.017 0.015 
   
19.05 28.57 





Ba 0.01 0.028 0.021 0.025 0.22 0.16 0.13 
 
25 10.71 27.27 40.91 
Ca 0.02 22 28 37 220 250 200 
    
9.09 
Cr  0.005 <LOQ <LOQ <LOQ 0.0076 0.0054 <LOQ 
   
28.95 
 
Cu 0.01 <LOQ <LOQ <LOQ 0.16 0.081 0.048 
   
49.38 70 
Fe 0.01 0.039 0.072 0.041 5.4 3.3 2.2 
   
38.89 59.26 
K 0.5 2.3 3.2 4.5 35 35 32 
    
8.57 
Li 0.05 <LOQ <LOQ <LOQ 0.079 0.069 0.07 
   
12.66 11.39 





Mn 0.01 <LOQ 0.012 <LOQ 0.76 0.45 0.2 
   
40.79 73.68 
Mo 0.01 <LOQ <LOQ <LOQ 0.09 0.13 0.087 
    
3.33 
Na 0.05 9.6 9.8 11 19 23 24 
     
Ni 0.005 0.022 <LOQ 0.0063 0.038 0.029 0.021 
  
71.36 23.68 44.74 
P 0.1 <LOQ <LOQ 0.12 3.5 2.1 1.6 
   
40 54.29 
Pb 0.001 <LOQ 0.0012 0.0012 <LOQ <LOQ <LOQ 
     





Sb 0.001 <LOQ <LOQ <LOQ 0.0083 0.0071 0.007 
   
14.46 15.66 
Se 0.001 <LOQ <LOQ <LOQ 0.0093 0.0086 0.0038 
   
7.53 59.14 
Si 0.01 3.5 3.6 3.7 3 3 3.7 
     
Sr 0.01 0.044 0.048 0.06 0.97 0.93 0.83 
   
4.12 14.43 
Ti 0.01 <LOQ <LOQ <LOQ 0.07 0.03 0.029 
   
57.14 58.57 
V 0.01 <0,010 <0,01 <0,01 0.031 0.014 0.016 
   
54.84 48.39 
Zn 0.01 0.024 0.039 0.06 0.96 0.32 0.23       66.67 76.04 
 
Chemical 
Biofiltration test (µg L
-1
)   Contaminant loss in water (%) 
 
 
Control AEA   Control AEA 





 NAP 10 20 30 10 20 10 <LOQ   
50 50 
 
PHE 10 <LOQ <LOQ 30 20 30 <LOQ 
     
 Sum PAH   20 30 40 40 40   






Table 2 – Chemical quantification in soft tissues (ST) and shells (S) of C. fluminea after the filtration test and 
Bioconcentration factors (BCF) that could be calculated. Only chemicals quantified (above limits of 
quantification-LOQ) in at least one of the analyzed samples are shown in the table. The concentrations of the 





  C. fluminea (mg kg
-1













As 0.1 6.79 1.81 7.3 1.98 
 
452.67 120.67 486.67 132.00 
Cd 0.7 0.79 0.01 0.69 0.01 
 
 
   
Co 2 2.28 1.56 3.11 1.65 
 
 
   
Cr  0.7 1.12 0.07 0.97 0.12 
 
 
   
Cu 0.7 126.1 1.71 134 2.85 
 
2627.08 35.63 2791.67 59.38 
Mn 2 19.9 57.4 27.7 125 
 
99.50 287.00 138.50 626.00 
Ni 0.7 2.9 1.83 9.2 2.02 
 
138.09 87.14 438.09 96.19 
Pb 0.7 0.83 0.12 0.97 0.34 
 
 
   
V 0.7 0.42 0.14 0.6 0.39 
 
26.25 8.75 37.50 24.38 





 PHE 0.02 <LOQ 0.02 0.02 <LOQ  
 
   
PYR 0.02 <LOQ <LOQ 0.03 <LOQ 
 
 
   
 Sum PAH      0.02 0.05             
DS* = dry substance 
 
          
 
3.2. Comparative ecotoxicological assessment 
All the ecotoxicological assays performed with the aqueous extracts of ashes before 
(Original AEA) and after C. fluminea filtration (biofiltered AEA) fulfilled the respective 
validity requirements (AE 1998, OECD 2004, 2006a, 2006b).  
In general, the results revealed a direct relationship between the tested AEA 
concentration and bacterial luminescence inhibition before bio-filtration (Figure 1A). The 
toxicity increased with the exposure time, with the highest effect (33.98%) observed after 
15 minutes of exposure, in the maximum tested concentration (81.9%). Following clams 
filtration, the AEA induced slight bacterial luminescence inhibition or even luminescence 
stimulation (Figure 1B). There was not a clear association between the toxicity of the bio-
filtered extracts and the exposure time, with the highest effect (7.59 %) observed after the 
shorter exposure, at the highest tested concentration.  The highest differences in the 







































































Figure 1 - Inhibition of Vibrio fischeri luminescence after exposure to a series of 
dilutions of original AEA (A) and biofiltered AEA (B). Open and filled bars represent 
data collected after five minutes and fifteen minutes of exposure, respectively. 
 
In the algae growth inhibition test, as test concentrations of original AEA (before 
biofiltration) increase, the microalgae growth rate suffered greater reductions (Figure 2A). 
In fact, the highest effect (29.91% ± 3.91 reduction in growth rate relatively to control) was 
reported in the concentration of 100%. P. subcapitata yield was more responsive than 
growth rate and a maximum inhibition of 81.77% ± 4.48 was found (for more information 
on the ecotoxicological assays before biofiltration see chapter II). On the other hand, as 
the concentration of biofiltered AEA increased, several oscillations in the response were 
observed (Figure 2B), with the majority of test concentrations being significantly different 
from control (Table 3).  The highest effect (28.07 ± 5.71 reduction in growth rate of P. 
subcapitata relatively to control) was reported at the concentration of 75%. The yield 
results also showed oscillations, and the highest effect (75.73 ± 7.30 reduction in yield 



































































AEA, the yield values in all the tested concentration were statistically different from 
control. Although EyC20 was lower after the clams’ filtration there is no consistent evidence 























Figure 2 – Growth Rate (GR) and Yield (Y) of Pseudokirchneriella subcapitata after a three day 
exposure to: A) six original AEA concentrations plus a control (0%) and B) six biofiltered AEA 
concentrations plus a control (0%). Error bars correspond to standard error and different letters, 
a and b, represent significant differences between control and tested AEA concentrations 
considering the growth rate or the yield as variables, respectively (one-way ANOVA followed by 



























Table 3- One-way ANOVA results and LOEC values found (Dunnett’s test; p ≤ 0.05) for P. subcapitata, L. 
minor and D. magna assays with serial dilutions of the AEA, before and after the filtration of C. fluminea. 
     NT* = not toxic  
 
Table 4 - ECx values for V. fischeri, P. subcapitata, L. minor and D. magna assays with original AEA and 
biofiltered AEA. The values between brackets represent the respective 95 % confidence limits.   
Species Endpoint Sample df MS res F ratio p value LOEC (%) 
P. subcapitata Growth rate inhibition 
Original AEA 6, 14 0.1795 10.780 <0.001 75 
Biofiltered AEA 6, 14 0.105 9.296 <0.001 6.25 
 Yield inhibition 
Original AEA 6, 14 3.717 E 12 18.072 <0.001 25 
 
Biofiltered AEA 6, 14 1.14 E 12 16.830 <0.001 6.25 
L. minor Growth rate inhibition 
Original AEA 6, 14 0.00556 10.616 <0.001 75 
Biofiltered AEA 6, 14 0.0022 3.559 0.236 - 
 Yield inhibition 
Original AEA 6, 14 3.123 7.752 <0.001 75 
 
Biofiltered AEA 6, 14 5.520 36.801 0.021 - 
D. magna Immobilization 
Original AEA 7, 24 0.0535 0.8571 0.553 - 
Biofiltered AEA - - - - NT* 






5 min 15 min 5 min 15 min 5 min 15 min 
ND* ND* ND* ND* ND* ND* 
Biofiltered 
AEA 




















32.87 ± 13.26  
(5.01; 60.72) 












5 ± 3.1  
(-; 11) 
10 ± 4.7  
(0; 20)  
35 ± 8.6 
 (17; 53) 
Biofiltered 
AEA 






50.80 ± 17.01  
(15.07; 80.54)  











29.64 ± 14.17 
 (-; 59.41) 
45.81 ± 13.94 
 (16.54; 75.10) 
96.41 ± 14.96 
 (64.99; 127.82) 
Biofiltered 
AEA 
ND* ND* ND* 
D. magna Immobilization 
Original 
AEA 
>100 >100 >100 
Biofiltered 
AEA 
NT* NT* NT* 
ND* = not determined; NT* = not toxic 






Slight damage was observed in aquatic plants during the bioassays in either the 
original AEA or the biofiltered AEA. When exposed to original AEA, and similarly to the 
observed in tests with bacteria and algae for the same sample, higher test concentrations 
were more prone to induce significant toxic effects in macrophytes (Figure 3A). 
Notwithstanding, the highest inhibition in growth rate as well as in the yield was recorded 
at a concentration of 75% (24.89 ± 4.26 reduction in growth rate relatively to control; 55.85 
± 6.34 reduction in yield relatively to control) and not at 100% original AEA. These two 
concentrations were significantly different from control (Table 3). When Lemna minor was 
subjected to the biofiltered AEA, its growth rate and yield was statistically similar in all the 
tested concentrations. Furthermore, the results showed that the lowest tested 
concentrations, as well as the undiluted aqueous-extracts, slightly stimulated the growth 
rate of L. minor (Figure 3B).  On the other hand, the concentration of 50% and 75% 
slightly inhibited the macrophyte growth rate, with the highest negative effect (6.83 ± 5.58 
reduction in growth rate relatively to control) reported at the latter. Due to the stimulatory 
effects observed as testing the biofiltered samples, the ECx values found for L. minor 
should not be directly used to comparatively address the toxicity of samples before and 

























































































































Figure 3 – Growth Rate (GR) and Yield (Y) of Lemna minor after a three day exposure to: A) 
six original AEA concentrations plus a control (0%) and B) six biofiltered AEA concentrations 
plus a control (0%). Error bars correspond to standard error and different letters, a and b, 
represent significant differences between control and tested AEA concentrations considering 
the growth rate or the yield as variables, respectively (one-way ANOVA followed by Dunnett’s 
test; p ≤ 0.05). 
 
In the acute immobilization test with daphnids, and contrary to the response 
evidenced by the other tested organisms, the original AEA as well as the biofiltered AEA 
did not induce any toxic effects. In fact, when the original AEA sample was tested (before 
clam’s filtration) only two newborns were immobilized (for more information on the 
ecotoxicological assays before biofiltration see chapter II) while in biofiltered AEA no 















The biofilter potential of C. fluminea was tested in a 7-day experiment having AEA 
as the model challenge. The initial chemical evaluation of the dissolved phase of original 
AEA revealed a group of metallic elements commonly found in leachates from surface 
soils and ashes – Ca, S, Mg, K and Na, as well as low molecular weight PAHs – Np and 
Ph.  In general, the chemical composition of AEA was very similar to that of the wildfires 
runoff as reported in the literature (see Chapter II to a more detailed discussion).   
During the biofiltration experiment, C. fluminea was apparently able to reduce the 
contaminant’s concentration in water through biofiltration and bioconcentration, especially 
along longer filtration periods. In general, the highest contaminant losses in water can be 
directly linked to higher bioaccumulation as expressed by higher bioconcentration factors. 
These results are generally supported by the literature, as explored below.  
During the filtration period, Zn showed the highest loss from the water matrix in 
AEA, being concomitantly found at higher concentrations in soft tissues of C. fluminea. 
Graney et al. (1983) found a linear relationship between Zn concentration in water and its 
accumulation in clam’s soft tissues. However, and contradicting the present results, the 
authors found a lower potential for bioconcentration of Zn as compared to Cu, for an 
identical range of Zn and Cu concentrations as those found in the original AEA. This 
discrepancy may eventually be due to differences in the test temperatures between the 
studies – exposure temperatures lower than ours were used by the authors in Zn 
experiments. In fact, the literature shows positive relationships between contaminants 
bioaccumulation and water temperature, which links directly to the metabolic rate of the 
species (Doherty 1990, Vidal et al. 2002).  
Mn had the second highest loss record in the filtering experiment, probably because 
of its incorporation in bivalve’s shells. This metal showed the highest BCF for shells, in 
both control in biofiltered AEA samples. The available information about Mn accumulation 
is scarce, but Conners et al. (1999) corroborated the high levels of Mn, Pb and Cu found 
in this study as common elements deposited in C. fluminea shells. 
Cu, as well as As, were never detected in the water from control but their AEA 
concentrations were considerable reduced by the filtration activity of C. fluminea. Both 
metals were found in clams from both treatments, especially in the soft tissue, revealing 
an original body burden acquired in the field. Still, clams exposed to the AEA showed 
higher accumulation than untreated clams. Graney et al. (1983) also reported a high C. 
fluminea tissue uptake of Cu exposed to waterborne concentrations of 0.016 and 0.057 






authors were even able to establish a significant correlation between Cu water 
concentration and tissue accumulation. Conversely, Croteau et al. (2004) argued that Cu 
accumulation by Asian clams is mainly related to their diet and not due to the uptake of 
the dissolved fraction. Liao et al. (2008) also recorded a rapid accumulation of arsenic in 
the soft tissue of C. fluminea, alerting to the possible implications of this phenomenon to 
human health, once soft tissue constitute the major edible part of the organism.  
While Ni was generally lost from water by biofiltration, the highest rate was found in 
the control with both treatments exhibiting similar initial Ni content. Within biological 
samples, Ni concentrations were higher in soft tissues than in shells, with a greater 
difference noticed in clams exposed to the AEA. Hardy and Roesijadi (1982) studied the 
bioaccumulation kinetics of this metal in the marine clam Protothaca staminea reporting 
instead the shells as the major repository site of Ni. This suggests that different bivalve 
species may have specific patterns for metal bioaccumulation, and seems to reinforce an 
enhanced ability to detoxify exhibited by the Asian clam through physiological 
mechanisms other than the immobilization in the shell matrix.  In fact, when Marie et al. 
(2006) compared the accumulation of Zn between C. fluminea and the zebra mussel 
Dreissena polymorpha, they observed that C. fluminea evidences more efficient 
detoxification mechanisms for Zn through a higher relative increase in metallothionein 
concentrations. 
The calculation of metal loss and BCF regarding Cd and Pb was not possible, but 
there is interesting information about these metals in literature that should be discussed 
here. According Callahan et al. (1979), Cd concentrations can be several times higher in 
aquatic organisms than in the water. Our results are in agreement with these authors 
since, although the absence of Cd in water (both control and AEA samples), the biological 
samples, even at low concentrations, revealed the presence of Cd in soft tissues 
(preferentially) and in shells of C. fluminea. Similarly to the data found by Tatem (1986) on 
clam’s exposure to contaminated sediments, the concentration of this metal in the control 
was greater relatively to that obtained for clams exposed to AEA. The presence of other 
contaminants in the water, due to competition for cellular transporting sites, may be to 
some extent responsible for the low levels of Cd in C. fluminea (Stewart 1999). In fact, for 
this same bivalve species, Marie et al. (2006) reported a reduction over 50% in Cd 
accumulation, as well as in Zn accumulation, when the metals were tested 
simultaneously. Pb was not detected in AEA samples, and in the control water samples its 
concentrations were marginally above the LOQ. The chemical analysis of biological 






by Conners et al. (1999), and conversely to our data, Pb concentrations in shells of C. 
fluminea was 48 to 89% higher than in clam’s tissues. 
 In regard to the organic contaminants, all the PAHs were undetectable in water 
samples after biofiltration, except for NAP and PHE, which were found marginally above 
the detection limits of the quantification method. The contaminant loss from water could 
only be calculated for NAP, and a shorter period of filtration in AEA showed to be effective 
in its removal. In parallel, the clam’s analysis only detected accumulation of Ph and PYR. 
This later contaminant should be sourced by suspended organic particles since it was not 
detected in the water samples. Bihari et al. (2006) and Geffard et al. (2003) observed the 
accumulation of low molecular weight compounds in bivalve species exposed to PAH-
contaminated seawater and PAH-contaminated sediment elutriates, respectively. This 
probably occurs because these elements are preferentially dissolved in water (greater 
bioavailability) while the heavier PAHs are preferentially adsorbed to suspended particles.  
Ecotoxicological assays allow a more integrative assessment of environmental 
toxicity once chemical analysis ignores solubility, bioavailability and interactive effects of 
contaminants (Chapman 2000.Mowat and Bundy 2001. Smolders et al. 2003). When the 
toxicity of original and biofiltered AEA was compared, lower inhibition in V. fischeri 
luminescence exposed to the several dilution of biofiltered AEA was clear: the highest 
inhibition was more than four times lower than that found following exposure to the original 
AEA. The lower toxicity of AEA after the biofiltration probably resulted of the chemical 
removal operated by C. fluminea but interference in luminous intensity measurements by 
the color/turbidity of the original AEA samples, as well as by the presence of suspended 
particles, may have occurred thus overestimating toxicity elicited by the samples before 
biofiltration (Parvez et al. 2006).  
Both the original AEA and biofiltered AEA were toxic to P. subcapitata, probably 
because of a higher sensitivity of microalgae to contaminants not removed from the water 
column by C. fluminea filtration activity. Against what was expected, given the 
contaminants reduction during the filtration period, the LOECs of biofiltered AEA, in 
growth rate, were inferior to the LOECs achieved when original AEA were tested. The 
most plausible explanation for these results is the higher bioavailability of some 
contaminants, after some contaminants removal by the filtering activity of clams, to which 
microalgae are more sensitive than the other standard organism tested. Conversely, the 
comparative ecotoxicological assessment of the macrophyte’s responses revealed a 
significant reduction in the toxicity of aqueous extracts after clams’ filtration. The uptake 






chemicals entrance in the cells in addition to simple diffusion across the membranes of 
lipophilic substances (for details see the discussion on this topic e.g. by Pereira et al. 
2009), which may explain the differential sensitivity shown in the present study. Toxic 
effects on primary producers may conduct to serious repercussions in the whole aquatic 
ecosystem, in particular regarding the regulation of oxygen levels and the biogeochemical 
cycles (Sinha et al. 2005). Furthermore, the toxic effects at this level could indirectly affect 
higher trophic levels, thought bottom-up mechanisms across the aquatic food-web 
(Abrantes et al. 2009).  
As challenged by both samples, D. magna showed lower sensitivity than species 
from lower trophic levels. Nevertheless, eventual effects on the fitness and fecundity of 
daphnids under chronic exposure to the pollutants, as addressed in Campos et al. 2012, 
should be further explored to confirm this trend.  
 In agreement with the biofiltration potential demonstrated by C. fluminea, the 
ecotoxicological assays performed after the biofiltration revealed that biofiltered AEA were 
generally less toxic for the same battery of organisms as used to test original AEA. An 
integrative view of the chemical and ecotoxicological assessment carried out here 
suggests that C.fluminea can be able to improve the water quality, similarly to other 
organisms whose biofilter potential was already recognized (e.g., Dreissena polymorpha; 
Elliot et al. 2008). Thus, its incorporation in restoration programs, as a bioremediation tool, 
in water bodies already-infested or in particular systems where the species spread can be 
prevented should be seriously considered. Nevertheless, the relatively high mortality rates 
of clams observed in the experiment (both in the control and the AEA treatment) 
constitutes a major shortcoming in the present work, particularly because it was not 
possible to clearly identify the cause. In fact, this was somewhat surprisingly given the 
large range of tolerance of this species to different environmental conditions as reported in 
literature. For instance, the temperature of the experiment was always within the tolerance 
range of the species (2 - 37 ºC; Karatayev et al. 2005) and C. fluminea is able to tolerate 
the turbidity of AEA samples (McMahon 2002). Moreover, the species intolerance to 
hypoxia conditions (Sousa et al. 2008a) should not be responsible for the observed 
mortality since the experiment occurred under continuous aeration, with high oxygen 
levels checked daily. Some possible explanations for the mortality should be considered: 
i) on days 3 and 4 of the filtration test, in AEA, the pH was slightly superior than the 
species higher pH tolerance limit (5.9 - 8.2; Araujo et al. 1993); ii) In the AEA treatment, 
the ammonium levels were much higher than the corresponding 48H-LC50 of 1.720 mg L
-1 






mortality found in the control treatment and iii) Asian clams were not fed during the 
filtration experiment, which may have physiologically affected the bivalves.   
 
 
5. Conclusion  
The biofilter potential of C. fluminea, tested in a 7-day experiment, with AEA as a 
model challenge, revealed that such invasive species may effectively contribute for the 
mitigation of deleterious effects of wildfires in the aquatic ecosystem. Through an 
integrated assessment of the chemical and biological improvements promoted by the 
species in the water quality, it was clear that the presence of C. fluminea resulted in lower 
contaminant levels (especially metals) and a lower ecotoxicological potential of the 
contaminated water samples. On the one hand, these results suggest that the negative 
ecological effects resulting from the presence of the invasive species can eventually be 
compensated by additional services provided to the ecosystem. On the other hand, they 
underline the need of additional research to understand the complexity of the potentially 
deleterious ecological effects of wildfires on aquatic communities, as well as on the 
potential and limitations of C. fluminea as a bioremediation option. 
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The principal goal of this dissertation was to test the ability of Corbicula fluminea in 
the mitigation of the potential deleterious effects of wildfires in the aquatic biota due to the 
input of post-fire contaminants by overland flow. Thus, an initial evaluation of the wildfires 
toxic effects in water quality and aquatic biota was performed using aqueous extracts of 
ashes (AEA), which intended to mimic natural conditions - the ash overland flow resulting 
from rainfall events in burnt areas. The chemical assessment of ashes and the aqueous 
extracts (prepared by a standard sediment elutriate methodology) was focused in pyrolytic 
substances such as metals and polycyclic aromatic hydrocarbons (PAHs). The chemical 
analysis performed in ashes, identified Mn and Zn as the major metallic compounds. 
Regarding the organic compounds, only low molecular weight PAHs - Naphthalene (Np) 
and Phenanthrene (Ph) - were detected. The chemical quantification of AEA was 
extended to more metals, mostly to allow a better understanding on their composition and 
to improve the comparability between this and former studies. Therefore, Ca, S, Mg, K 
and Na were the principal metals found in the dissolved fraction of AEA and, similarly to 
the quantification performed on ashes, only Np and Ph were detected in AEA.  In general, 
these results are in agreement with literature on the inorganic and organic contaminant 
composition of wildfire runoff samples (Olivella et al. 2006, Vila-Escalé et al. 2007), 
meaning that AEA appear to represent satisfactorily the contaminant matrix that reaches 
aquatic systems after a wildfire. A simple ratio between the concentration of contaminants 
in AEA and the concentration in ashes, which corresponds to the chemical recovery 
between matrices, showed that the compounds’ concentrations in the dissolved fraction is 
chemically dependent on their concentration on ashes. The highest recuperation observed 
was reported for Ph (20%) followed by Np (2%) and Zn (0.53%). 
The chemical assessment only provides a measure of the contamination status of a 
given environmental compartment, disregarding the contaminants bioavailability, the 
occurrence of interactions between chemicals and the impairment expected for the 
ecosystem resulting therefrom. Therefore, standard ecotoxicological assays were 
performed to infer on the deleterious off-site effects of wildfires on the aquatic biota after 
pyrolytic inputs. Four aquatic species, from different functional groups and trophic levels, 
were used in the ecotoxicological bioassays: the microalgae Pseudokirchneriella 
subcapitata, the macrophyte Lemna minor, the bacteria Vibrio fischeri and the cladoceran 
zooplankter Daphnia magna. The AEA induced different responses in the tested 






significantly reduced; the luminescence of the bacteria was inhibited and no significant 
immobilization was reported at the highest trophic level (cladoceran zooplankter). This 
corroborated the results of the single study that addresses the toxic effects of wildfires 
runoff on aquatic organisms - Campos et al. (2012). In this way, based on chemical and 
ecotoxicological results obtained, the AEA may represent a reliable and low-cost 
methodology for assessing the potentially deleterious effects of wildfire runoffs in aquatic 
ecosystems. Nevertheless, additional research is needed to understand the complexity of 
these ecotoxicological effects. 
The inconsistencies found in the toxicity of AEA to different tested organisms 
corroborates the inconsistent effects of wildfires previously noticed (see the introduction 
section for a detailed review) in resident communities of aquatic systems standing nearby 
burnt areas. This controversy grounded the assessment of the biofilter potential of the 
Asian clam C. fluminea, an invasive bivalve whose current distribution comprises most of 
the Portuguese main watersheds. This way, the AEA were subjected to the filtration action 
of the clams in a 7-day experiment. In general, a longer biofiltration period (seven days as 
compared to 3 days) resulted in higher contaminant removal with contaminant loss rates 
from the AEA of more than 70%. For organic contaminants, it was only possible to 
calculate the rate of contaminants loss in the case of Np, which reached a value of 50%.  
At the end of the biofiltration experiment, the concentrations of practically all contaminants 
in AEA were reduced, with some of which becoming undetected. In parallel, the 
concentration of contaminants was determined in soft tissues and shells of the surviving 
clams. It was clear that the highest contaminant losses in water were related to the 
highest values of accumulation in clams.  According to our results, the soft tissues 
accumulated mainly Cu, with a bioconcentration factor (BCF) of 2791.67, which compared 
to the available literature as being one order of magnitude lower (Graney et al. 1983). On 
the other hand, the shells exposed to AEA accumulated preferentially Mn, with a BCF of 
287. Conners et al. (1999) also refer to this metal as commonly deposited in clam’s shells, 
but no reference values were available in the literature to allow a direct comparison. The 
biofiltered AEA revealed lower toxicity than original AEA (before filtration), for the same 
battery of aquatic organisms. Despite this, after the filtration action of C. fluminea, a new 
order of sensitiveness was achieved with the microalgae being more severely affected 
than the bacteria.   
In summary, based on chemical and ecotoxicological assessment, the filtration 
activity of the Asian clam C. fluminea seems to reduce the toxic effects of AEA on aquatic 






provided by the nuisance. However, considering that all the results were obtained under 
highly controlled conditions and using standard species that do not necessarily represent 
the freshwater ecosystems which are most frequently affected by wildfires (lotic systems), 
extrapolations driven by this study to estimate effects under natural conditions must be 
done with some prudence. 
Although this study seems to prove the biofilter potential of C. fluminea towards the 
improvement of water quality, further research is needed to clarify the potential 
applications of such a biological mitigation agent as well as the limitations of the use of 
this species as a bioremediation tool. In fact, the balance between the advantages 
brought by its biofiltering ability and the nuisance impacts (ecological and economical) 
should be a target for future studies. At first glance, it should be recognized that the 
application of C. fluminea in large-scale biofilters has serious ecological and economic 
risks that must be deeply considered rather than enthusiastically overlooked. On the one 
hand, the potential benefits in the water quality improvement do not justify the introduction 
of such an invasive species in new sites, which is the reason why the biofilter systems 
should be restricted to water bodies already invaded by Asian clams. Furthermore, and 
similarly to what has been suggested concerning the use of the zebra mussel Dreissena 
polymorpha as a biofilter (Elliot et al. 2008), it is possible that C. fluminea selective 
filtration of some algae species may facilitate cyanobacterial blooms. On the other hand, 
the serious biofouling effects that Asian clams may operate on many industrial systems 
(Rosa et al. 2011) should be kept in mind while hypothesizing the species applications as 
a bioremediation tool.  
In this way, the eventual application of the Asian clam as a biological agent assisting 
the improvement of water quality should be framed by two major options: i) limiting the 
application of the C. fluminea biofilter capacity to particular situations, e.g., wastewater 
treatment, where the ecological issues of the introduction of this species would be no 
worse than those resulting from treatments already applied (e.g., ozonation) or ii) 
incorporating clams only into semi-closed systems in the environment to prevent the 
infestation (see the experimental flow-through rig at water treatment works in Elliot et al. 
2008). Furthermore, some major fundamental research questions remain to be answered 
that link to the outcome of the present study and that should ground future application of 
this potential biofiltering agent: which density of clams should be used to maximize the 
filtering rates? Are the costs of transport of clams, plus establishment and maintenance of 
biofilters infrastructures justified by the clearance rate/chemical removal achieved? How 






compromises them? These and other related questions constitute a challenging direction 
for future scientific studies that may add to the solutions already available in the toolbox 
for the water quality management worldwide.     
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